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Abstract  
 Contaminant transport in subsurface environments may be significantly 
influenced by contents of aquifer sediments, such as soil organic matter (SOM) and 
Fe/Al-oxyhydroxides, though their effects are not fully known. This thesis systematically 
explored the influences of SOM and Fe/Al-oxyhydroxides on two common groundwater 
contaminants, engineered nanoparticles (titanium dioxide nTiO2) and heavy metals (Cu 
and Zn), in two projects using the same natural sediment. Project 1 found dissolved SOM 
enhanced nTiO2 transport by adsorbing onto nTiO2 surface and stabilizing it in 
suspension, whereas solid SOM and Fe/Al-oxyhydroxides reduced transport by attracting 
nTiO2 when surface charges were opposite. In project 2, Cu adsorption was strongly 
dependent on SOM and Fe/Al-oxyhydroxide content, with lesser effects for Zn. Depleted 
SOM decreased adsorption when pH was <6.5, whereas depleted Fe/Al-oxyhydroxides 
decreased adsorption when pH was >6.5. Both projects contributed to knowledge of the 
roles of SOM and Fe/Al-oxyhydroxides in governing contaminant transport in natural 
sediments. 
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Chapter 1. Introduction and Overview  
1.1 Environmental context 
Groundwater is a valuable resource that many rely on for drinking water and 
irrigation, which may become contaminated as a consequence of anthropogenic activities. 
Polluted groundwater can be very difficult and expensive to remediate, as well as 
negatively impact human and ecosystem health. In natural subsurface environments, 
groundwater contaminants may travel through aquifer sediments with heterogeneous 
compositions, with little attention paid to their influence. Soil organic matter (SOM) and 
metal oxyhydroxides (such as Fe and Al) are ubiquitous in natural sediments, and are 
known to influence the transport of contaminants. Nonetheless, the overall effect of SOM 
and Fe/Al-oxyhydroxides coexisting and competing in one system has not received much 
attention, and their influence is poorly understood.  
This thesis investigated how two different types of groundwater contaminants 
travelled through a natural sediment and were affected by SOM and Fe/Al-
oxyhydroxides. In the first project, the influence of SOM and Fe/Al oxyhydroxides on 
nanoparticle transport was studied, using titanium dioxide nanoparticles and column 
experiments. The second project also studied the effect of SOM and Fe/Al-
oxyhydroxides, but this time on heavy metal (Cu and Zn) adsorption using batch 
experiments. The results of this research will help fill knowledge gaps on groundwater 
contaminant interactions in natural subsurface environments and may be useful in 
developing remediation and reduction strategies. 
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1.2 Nanoparticle transport review 
Nanoparticles are traditionally defined as having at least one dimension between 1 
and 100 nanometers; and due to their small size, have an especially high surface area to 
volume ratio giving them unique properties and transport characteristics (Frimmel and 
Niessner, 2010; Masciangioli and Zhang, 2003; Navarro et al., 2008). Nanotechnology is 
a rapidly expanding research area as engineered nanoparticles (ENPs) are being produced 
and used in increasing volumes in a broad array of applications (Nowack and Bucheli, 
2007; Wiesner et al., 2006). Titanium dioxide engineered nanoparticles (nTiO2) are 
among the most commonly used ENPs, and can be found in sunscreens, cosmetics, 
surface coatings, plastics, and many other every day applications (Weir et al., 2012). The 
widespread use of ENPs consequentially means that ENPs are being released to the 
environment in unprecedented and unknown quantities, with ecotoxicological effects not 
receiving adequate attention (Nowack and Bucheli, 2007; Wiesner et al., 2006). 
Studies have found toxic effects in animals (Bermudez et al., 2004; Federici et al., 
2007; Long et al., 2006; Reeves et al., 2008) as well as increased bioavailability of heavy 
metals linked to nTiO2 (Fang et al., 2011; Rosenfeldt et al., 2014; Sun et al., 2009; Wang 
et al., 2011). It is therefore crucial to elucidate the transport behavior of ENPs in the 
natural environment in order to understand the potential risks. ENP transport is dependent 
on whether the ENPs tend to be dispersed (stable in suspension), aggregated and 
sedimented, or physicochemically removed by a porous medium, and a lack of 
knowledge exists on this subject (French et al., 2009). Retention within sediments 
immobilize ENPs, whereas stable ENPs can travel in aqueous systems, facilitate the 
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transport of other contaminants, and remain bioavailable to organisms (McCarthy and 
Zachara, 1989). The mechanisms and influences on ENP stability and transport are 
complex a combination of properties of the ENPs and the porous medium, water 
chemistry, and flow rates (McCarthy and Zachara, 1989). Surface potential is a dominant 
control on ENP stability, ultimately influenced by ENP and porous medium properties, 
solution pH, as well as electrolyte composition and concentration (Frimmel and Niessner, 
2010).  
ENP transport is hindered through two mechanisms; physical filtration, where the 
ENP is larger than the pore space and becomes trapped; and physiochemical removal, 
where the ENP is either aggregated and sedimented out of suspension or attached to the 
porous medium (Nowack and Bucheli, 2007). DLVO theory; named after scientists Boris 
Derjaguin, Lev Landau, Evert Verwey, and Theodoor Overbeek; describes particle 
interactions as a function of van der Waals and electrical double layer forces under 
various environmental conditions, and can be used to predict ENP stability and transport 
(Derjaguin and Landau, 1941; Verwey and Overbeek, 1948). DLVO theory is dependent 
on the zeta potential (ZP) and point of zero charge (PZC) of ENPs and porous medium. 
ZP is a measure of the electric potential of a particle including the electric double layer, 
therefore representing the potential difference between the particle (with adsorbed 
components) and the aqueous medium, and is an important influence on ENP stability 
and aggregation (Hunter, 1981). A substance’s PZC is the pH at which the ZP for a 
substance is zero, and determines whether a substance will have positive, negative, or 
neutral surface charges at certain pH (Hunter, 1981). The PZC charge for nTiO2 is ~6.2-
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6.8, meaning that in natural waters the surface charge on nTiO2 may be either positive or 
negative, and therefore the stability and transport of nTiO2 can change rapidly with 
changes in environmental conditions (Loosli et al., 2013; Parks, 1965; Schmidt and 
Vogelsberger, 2009; Yang et al., 2007).  
Studies have found that ZP is the dominant control on ENP stability, which is 
ultimately influenced by ENP and porous medium properties, solution pH, as well as 
electrolyte composition and concentration (Frimmel and Niessner, 2010). Dunphy 
Guzman et al. (2006) found that over 80% of nTiO2 was stable as 10-200 nm aggregates 
over the pH range of 1-12, except for close to the PZC for nTiO2, where larger aggregates 
formed and sedimented due to reduced electrostatic repulsion. An increase in ionic 
strength compresses the electrical double layer, therefore decreasing electrostatic 
repulsion between two like charged objects, allowing ENPs to more likely aggregate 
(Akaighe et al., 2012; Bekhit et al., 2006; Navarro et al., 2008). Ion valence has been 
found to influence ENP stability as well, with divalent electrolytes promoting aggregation 
and retention more readily than monovalent electrolytes (Akaighe et al., 2012; Chen et 
al., 2011; French et al., 2009). In addition, ENP size influences their stability, as 
aggregation and aggregate size decreases with increase in particle size (Chen et al., 
2015). 
A common way to study ENP transport is laboratory column experiments, which are 
designed to simulate groundwater flow through saturated porous media (Cai et al., 2014; 
Chen et al., 2015; Fang et al., 2009; Kretzschmar et al., 1997; Morales et al., 2011; Wang 
et al., 2015; Zhuang et al., 2003). Most of these experiments use a well-defined porous 
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media, often quartz sand, in order to clearly distinguish ENP transport behavior under 
different conditions such as solution pH, ionic strength, and presence of aqueous species. 
However, the environmental extrapolation of results from these studies may be limited, 
due to the fact that natural systems are far more heterogeneous in composition and 
properties in comparison to quartz sand, which may strongly affect ENP transport 
(Nowack and Bucheli, 2007). Sediment properties including composition, surface 
charges, and surface area are known to strongly influence the transport of ENPs (Furman 
et al., 2013; Jung et al., 2014; Lin et al., 2011). Common ubiquitous components of 
natural sediment that may influence ENP transport include SOM and metal 
oxyhydroxides. 
SOM is expected to have a complex effect on ENP transport, as SOM is composed of 
both solid organic matter (SSOM) and dissolved organic matter (DOM). Little attention 
has been paid to SSOM-ENP interactions, but it is intuitive to hypothesize that negatively 
charged SSOM (Philippe and Schaumann, 2014) may attract positively charged ENPs 
and remove them from the aqueous phase, whereas negatively charged DOM is known to 
enhance ENP stability through adsorbing onto the ENP surface and altering surface 
charges through steric repulsion (Erhayem and Sohn, 2014; Keller et al., 2010; Loosli et 
al., 2013; Wu and Cheng, 2016). The overall effect of SOM in natural sediments on ENP 
transport is poorly studied and understood.  
Metal oxyhydroxides (such as Fe and Al) also have a complicated effect on ENP 
transport, as heterogeneous surface charges in natural sediment arise in part by metal 
oxide components. For example, quartz is typically negatively charged in environmental 
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conditions with a PZC around pH 2-3, iron (hydr)oxides have a PZC in the range of 8.1-
8.5, and aluminum (hydr)oxides have a PZC of around 9.4 (Huang, 1995). This means 
that at variable pH, a heterogeneous natural sediment will have an array of positive and 
negative surface charges, which will cause varying components to have different 
interactions with ENPs. It is evident that both SOM and Fe/Al-oxyhydroxides have 
importance influence on ENP stability and transport, though the net effect on from both 
components coexisting in one heterogeneous system is unclear. 
The objective of Chapter 2 was to reduce knowledge gaps on ENP transport in natural 
systems by determining the influence of individual sediment components (SOM and 
Fe/Al-oxyhydroxides) on nTiO2 mobility. A natural sediment was chemically treated to 
remove specific components and systematic laboratory column experiments were 
performed to determine the influence of each porous medium on nTiO2 transport. The 
results from Chapter 2 will expand on existing knowledge on ENP transport and help 
clarify the applicability of extrapolating laboratory column experiments results using 
homogenous porous media to the natural environment. 
1.3 Heavy metal adsorption review 
Heavy metals are loosely defined as metallic elements with high atomic weights 
or density, often associated with environmental contamination (Duffus, 2002). Ranging 
from commonly to rarely occurring in nature, many heavy metals are economically 
desirable and mined for use in everyday products. The increasing demand for products 
made using metals has led to their widespread extraction and inevitable release into the 
environment (Landner and Reuther, 2005). Anthropogenic processes, including mining, 
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fertilizers, dyes, sewage, production of consumer goods, and transportation can generate 
and release heavy metals into the natural environment, where they may enter and pollute 
groundwater (Landner and Reuther, 2005).  
Small amounts of some metals, such as iron, zinc, and copper, are essential for 
biological processes, but toxic in higher concentrations (Singh et al., 2011). Because 
these metals are required for biological processes, uptake pathways naturally exist in 
organisms, and can lead to uptake in toxic concentrations (Landner and Reuther, 2005). 
Metals may be hyper-accumulated in plants (Nazemi, 2012; Tang et al., 2009), and 
transfer to other organisms via food chains. Exposure to certain heavy metals has been 
linked to adverse health effects in humans and other organisms, including disrupting vital 
functions, carcinogenesis, and death (Lin et al., 2013; Park et al., 2004; Singh et al., 
2011). 
Two common metal contaminants are copper (Cu) and zinc (Zn). Cu is a good 
conductor of electricity, commonly used for making wires, tubing, and alloys (Landner 
and Reuther, 2005). Though Cu exists in naturally in the environment from the 
weathering of Cu-bearing rock, anthropogenic processes in aquatic environments account 
for 33-60% of Cu input (Demayo and Taylor, 1981). Canadian Council of Ministers of 
the Environment (CCME) water quality guidelines for the protection of aquatic life 
recommends a maximum of 2 µg/L Cu, though Canadian surface waters average 5 µg/L 
Cu (Canadian Council of Ministers of the Environment, 2008). Higher concentrations of 
Cu in the environment are related to anthropogenic sources (McNeely et al., 1979). Zn is 
often used for galvanizing, production of tires, and alloys, due to its relatively good 
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resistance to corrosion (Landner and Reuther, 2005). Zn also exists naturally in the 
environment due to the weathering of Zn-bearing rock, with a large range of typical 
Canadian surface water concentrations, from < 1 to 100 µg/L (Demayo and Taylor, 
1981), though CCME guidelines for the protection of aquatic life suggest a maximum of 
30 µg/L (Canadian Council of Ministers of the Environment, 2008). In waters 
surrounding mining areas, concentrations of Cu and Zn 10-1000 times greater than 
average can be found, due to contamination from mine tailings (Canadian Council of 
Ministers of the Environment, 2008). Newfoundland and Labrador provincial regulations 
state it is prohibited to exceed a maximum discharge of 0.3 mg/L Cu and 0.5 mg/L Zn 
into any body of water, often problematic for abandoned mines (Environmental Control 
Water and Sewage Regulations under the Water Resources Act (O.C. 2003-231)). 
In natural subsurface environments, heavy metal transport is dependent on 
whether they tend to remain in stable in aqueous suspension or if they are removed from 
the aqueous phase (Landner and Reuther, 2005). Adsorption occurs when molecules, 
ions, or small particles are bound to a solid at its surface, and tends to decrease the 
bioavailability of contaminants (not to be confused with absorption, in which a substance 
is dissolved into the bulk of another, not at the surface). Aqueous heavy metals may be 
adsorbed to sediments, a key control on their fate and transport, as well as a potential 
abundant and inexpensive remediation option (Cao et al., 2004; Wang and Mulligan, 
2006). Heavy metal adsorption is known to be influenced by many factors, which makes 
predicting heavy metal adsorption very complex.  
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The most commonly studied influences on adsorption are water chemistry 
conditions, such as pH, ionic strength, and dissolved species (Sauve et al., 2000; Wang 
and Mulligan, 2006). In general, heavy metal adsorption increases with increase in pH 
(Sauve et al., 2000), conversely, the solubility of heavy metals typically decreases with 
increase in pH (Tack et al., 1996). Adsorptive capacity tends to decrease with increase in 
ionic strength (James and Macnaughton, 1977). Dissolved species, such as multivalent 
cations, may provide competition against heavy metals for adsorptive sites in sediment, 
and therefore may suppress heavy metal adsorption (Fisher-Power et al., 2016; Mizutani 
et al., 2017; Tipping et al., 2002; Vulava et al., 2000). Sediment composition has also 
been found to strongly influence adsorption, however, less research is available on how 
sediment and its heterogeneous components affect adsorption. SOM and metal 
oxyhydroxides (such and Fe and Al) are ubiquitous in natural sediments and have been 
found to be key components for adsorbing heavy metals (e.g.; Shi et al., 2013; Bradl, 
2004; Li et al., 2014).  
Metal oxyhydroxides have large surface areas per unit mass and heterogeneous 
surface charges, and therefore have many surfaces sites available for adsorption (Bradl, 
2004; Shi et al., 2013). Amorphous oxyhydroxides have adsorption capacity about 10 
higher than aged oxides, again a result of increased surface area (Shuman, 1977). 
Research has shown that Fe and Al are the dominant metal oxyhydroxides with respect to 
heavy metal adsorption (Shi et al., 2013). It has been reported that Fe/Al-oxyhydroxides 
are the dominant adsorbing phase when pH > 6.5 (Agbenin and Olojo, 2004; Fisher-
Power et al., 2016; Shi et al., 2013), and many natural waters exist in this range.  
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SOM is another important sediment component with respect to heavy metal 
adsorption. SOM has a high affinity for heavy metal cations because it carries negative 
charges under most environmental conditions (Yuan et al., 2014). SOM is expected to 
have a complex effect on heavy metal adsorption, as SOM may exist either as DOM or as 
SSOM. Research has indicated that SSOM tends to adsorb aqueous heavy metals and 
remove them from the aqueous phase, whereas DOM may form stable complexes with 
heavy metals and keep them in the aqueous phase (Agbenin and Olojo, 2004; McBride et 
al., 1997; Pérez-Novo et al., 2008; Wang and Mulligan, 2006). It has been reported that 
SSOM is the dominant heavy metal adsorbent in natural sediment when pH <6.5, and 
therefore SSOM is very important for heavy metal adsorption in acidic and near neutral 
waters (Agbenin and Olojo, 2004; Fisher-Power et al., 2016; Shi et al., 2013). The overall 
effect of SOM on heavy metal adsorption is little-known, presumably a function of the 
relative affinities of DOM and SSOM for heavy metals under various environmental 
conditions. Furthermore, SOM and Fe/Al-oxyhydroxides often occur together in variable 
concentrations in natural sediments, and their effects when coexisting and competing in 
one system are poorly documented and understood. 
 A common way to study heavy metal adsorption is laboratory batch experiments. 
In these experiments, a substrate is mixed with contaminant under various water 
chemistry conditions to determine their influence at equilibrium (Dişli, 2010). Due to the 
strong influence of pH on heavy metal adsorption, pH edge experiments are adsorption 
experiments conducted over a range of pH values to investigate heavy metal adsorption 
as a function of pH. The applicability of these experiments to natural environments is of 
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question, because the experiments commonly use a much lower solid to solution ratio 
than found in natural subsurface environments (Mizutani et al., 2017) and the substrate 
may not be representative of the heterogeneity of natural aquifer sediments.  
 Heavy metal adsorption may be predicted using adsorption models. Classic 
adsorption models, such as linear, Langmuir, and Freundlich isotherms are commonly 
used calculations (Jeppu and Clement, 2012; Oiffer et al., 2009; Williams et al., 2003). A 
limitation of these models is that they do not consider the influence of water chemistry 
conditions and sediment composition, and are therefore not always applicable under 
varying environmental conditions (Jeppu and Clement, 2012). Advances in research and 
technology have led to the development of surface complexation models (SCMs), which 
use digital software to compute chemical speciation of many species at once under a wide 
range of conditions (Bonten et al., 2011). SCMs utilize extensive databases and can 
incorporate many factors that classic adsorption models do not. Visual MINTEQ 
(Gustafsson, 2010) is a SCM software available for free download commonly used in 
adsorption research. The user can input water chemistry conditions, such as pH, ionic 
strength, dissolved species, and temperature; as well as solid phases like SOM and Fe/Al-
oxyhydroxides to predict heavy metal adsorption and speciation under environmental 
conditions.  
 The objective of Chapter 3 was to further understanding of heavy metal 
adsorption in the natural environment by determining the influence of individual 
sediment components (SOM and Fe/Al-oxyhydroxides) on Cu and Zn adsorption. A 
natural sediment was chemically treated to remove either SOM, Fe/Al-oxyhydroxides, or 
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both, used in systematic batch adsorption experiments, and modelled using SCM 
software. The results from Chapter 3 will add to the literature of heavy metal adsorption 
in the natural environments and help clarify the individual and synergistic influences of 
SOM and Fe/Al-oxyhydroxides on heavy metal adsorption. 
1.4 Thesis purpose and objectives 
Although nanoparticle transport and heavy metal adsorption are heavily researched 
topics, there is a knowledge gap on the individual and synergistic influences from SOM 
and Fe/Al-oxyhydroxides in natural sediment. Due to the heterogeneous and complex 
nature of sediments, it is difficult to attribute adsorption phenomena to a single factor, 
and difficulties arise in experimental methods and analytical techniques (Lewis and 
Sjöstrom, 2010). SOM and Fe/Al-oxyhydroxides are often artificially added to a well-
defined simulated sediment material to investigate their influence (e.g., Cheng et al., 
2004; Han et al., 2014; Tong et al., 2011; Wang et al., 2012; Wu and Cheng, 2016). 
These experiments are convenient and provide useful information about how SOM or 
Fe/Al-oxyhydroxides may influence contaminant transport; however, they may not 
accurately represent the processes which occur in natural complex sediments (Nowack 
and Bucheli, 2007). A better understanding of the individual and synergistic influences of 
SOM and Fe/Al-oxyhydroxides in natural sediment is necessary for evaluating 
contaminant transport in the environment. 
Limited ENP transport studies have been conducted using natural sediment as the 
porous medium, leaving a lack of knowledge of how ENPs interact in the natural 
environment under the influence of heterogeneous soil components (Nowack and 
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Bucheli, 2007). A study by Fang et al. (2011) studied the stability of nTiO2 suspensions 
in natural soil and found that the stability was positively correlated with dissolved 
organic carbon and clay content, and negatively correlated with ionic strength, pH, and 
ZP. Few other studies use natural sediments to study ENP facilitated transport of 
contaminants (Grolimund et al., 1996; Grolimund and Borkovec, 2005; Wang et al., 
2015; Zhuang et al., 2003), but to my knowledge, no current studies systematically 
remove individual sediment components to determine their influence ENP transport.  
A number of heavy metal adsorption studies have used natural sediment as the 
adsorbent (e.g., Arias et al., 2006; Cerqueira et al., 2011; Fan et al., 2013; Shi et al., 
2013), however, the individual contributions of SOM and Fe/Al-oxyhydroxides are not 
commonly investigated. Agbenin and Olojo (2004) chemically treated a sediment to 
remove either SOM or Fe/Al-oxyhydroxides, and reported that removing SOM reduced 
the distribution coefficient for Cu 40 times, but for Zn only by half; whereas removal of 
amorphous metal oxides reduced the Cu and Zn distribution coefficients 100 and 20 
times, respectively. Although this study provided insight into the influences of SOM and 
Fe/Al-oxyhydroxides on Cu and Zn adsorption to natural sediment, it had a few 
limitations. The sediments were not characterized after the treatment processes in 
Agbenin and Olojo’s 2004 study, and the removal efficiency of the SOM and Fe/Al-
oxyhydroxides was not reported. The interpretation of their results assumed SOM and 
Fe/Al-oxyhydroxides were independent of one another in the sediment, and each 
component had been 100% removed by the treatment processes while no other properties 
changed, though this was unlikely the case. Characterization of the sediment after 
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treatment would provide useful insights into the interpretation of their results. In addition, 
to my knowledge, no adsorption experiments have been performed on sediment treated to 
deplete both SOM and Fe/Al-oxyhydroxides, leaving a lack of knowledge about their 
synergistic influence. 
This research intended to explore the individual and synergistic influences of 
SOM and Fe/Al-oxyhydroxides on the transport of two different types of groundwater 
contaminants. To do this, two projects were completed; the first investigating nTiO2 
transport as influenced by SOM and Fe/Al-oxyhydroxides (Chapter 2), and the second on 
Cu and Zn adsorption (Chapter 3). In both projects, the same natural sediment was 
chemically treated to remove either SOM, Fe/Al-oxyhydroxides, or both; and used in 
systematic experiments to determine their individual and synergistic effects. Overall, the 
results from this research will help further the understanding of how SOM and Fe/Al-
oxyhydroxides influence the transport of groundwater contaminants in natural subsurface 
environments.  
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Chapter 2. Nanoscale titanium dioxide (nTiO2) transport in natural 
sediments: Importance of soil organic matter and Fe/Al-oxyhydroxides 
Abstract 
Many engineered nanoparticle (ENP) transport experiments use quartz sand as the 
transport media; however, sediments are complex in nature, with heterogeneous 
compositions that may influence transport. Nanoscale titanium dioxide (nTiO2) transport 
in water-saturated columns of quartz sand and variations of a natural sediment was 
studied, with the objective of understanding the influence of soil organic matter (SOM) 
and Fe/Al-oxyhydroxides and identifying the underlying mechanisms. Results indicated 
nTiO2 transport was strongly influenced by pH and sediment composition. When influent 
pH=5, nTiO2 transport was low, as positively-charged nTiO2 was attracted to negatively-
charged minerals and SOM. nTiO2 transport was slightly enhanced in sediments with 
sufficient SOM concentrations due to leached dissolved organic matter (DOM), which 
adsorbed onto nTiO2 surface, reversing zeta potential to negative. When influent pH=9, 
nTiO2 transport was generally high since negatively-charged medium repelled 
negatively-charged nTiO2. However, in sediments with SOM or amorphous Fe/Al-
oxyhydroxides depleted, transport was low due to pH buffering by the sediments causing 
attraction between nTiO2 and crystalline Fe-oxyhydroxides. This was counteracted by 
DOM adsorbing to nTiO2, stabilizing it in suspension. Our research demonstrates the 
importance of SOM and Fe/Al-oxyhydroxides in governing ENP transport in natural 
sediments. 
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2.1 Introduction 
The widespread use of engineered nanoparticles (ENPs) has led to their release into 
the environment with limited knowledge about their transport and associated risks. A 
common way to study ENP transport is laboratory column experiments designed to 
simulate groundwater flow through saturated porous media (Cai et al., 2014; Chen et al., 
2011, 2015; Fang et al., 2009; Kretzschmar et al., 1997; Morales et al., 2011; Wang et al., 
2015; Zhuang et al., 2003). Most of these experiments use well-defined porous media, 
often quartz sand, in order to distinguish the influence of water chemistry (pH, ionic 
strength, cations and anions, etc.) on ENP transport. Due to technical difficulties in 
experiments (Lewis and Sjöstrom, 2010), a limited number of studies have been 
conducted to investigate ENP transport in natural sediments, which are far more 
complicated compared to quartz sand. Sediment properties including composition, 
surface charge, and surface area are known to influence the transport of ENPs (Cornelis 
et al., 2013; Furman et al., 2013; Jung et al., 2014; Lin et al., 2011). Fang et al. (2011) 
studied the stability of nTiO2 suspensions in natural soil and found that stability was 
positively correlated to dissolved organic carbon (DOC) and clay content, but negatively 
correlated to ionic strength, pH, and zeta potential (ZP). Sun et al. (2015) demonstrated 
that zinc oxide nanoparticles were highly mobile in quartz sand columns under a various 
water chemistry conditions, but much less mobile in soil columns due to heterogeneous 
ZPs, blocking, and straining. Other studies have used natural sediments to study ENP 
facilitated transport of contaminants (Grolimund et al., 1996; Grolimund and Borkovec, 
2005; Wang et al., 2015; Zhuang et al., 2003). Though these studies contribute useful 
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information of ENP transport in natural sediment, the roles of specific sediment 
components and associated mechanisms have not fully been identified, leaving a 
knowledge gap regarding ENP interaction with heterogeneous soil components (Nowack 
and Bucheli, 2007; Sun et al., 2015). 
 Common ubiquitous components of natural sediment that may influence transport 
include soil organic matter (SOM) and metal oxyhydroxides (Fe and Al). SOM is 
composed of both solid soil organic matter (SSOM) and dissolved organic matter (DOM) 
(Grillo et al., 2015). While a large number of studies have shown that DOM enhances 
ENP stability and transport through adsorbing onto the ENP surface and altering surface 
charges through steric repulsion (Chen et al., 2012; Erhayem and Sohn, 2014; Keller et 
al., 2010; Loosli et al., 2013; Wu and Cheng, 2016), little attention has been paid to 
SSOM-ENP interactions. It is intuitive to hypothesize that negatively-charged SSOM 
(Philippe and Schaumann, 2014) may attract positively-charged ENPs and remove them 
from the aqueous phase. Moreover, partial dissolution of SSOM releases DOM that may 
interact with ENPs. The overall effect of SOM (both solid and dissolved) in natural 
sediments on ENP transport is complicated and poorly understood. 
Metal oxyhydroxides have a complex effect on ENP transport, as heterogeneous 
surface charges in natural sediments arise in part by metal oxide components. For 
example, quartz is negatively-charged in environmental conditions with a point of zero 
charge (PZC) around pH 2-3, Fe-oxyhydroxides have a PZC in the range of 8.1-8.5, and 
Al-oxyhydroxides have a PZC around 9.4 (Huang, 1995). At variable pH, a complicated 
natural sediment will have an array of positive and negative surface charges, which will 
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cause varying components to have different interactions with ENPs. Johnson et al. (1996) 
found increasing the percentage of Fe-oxyhydroxide coated surfaces increased deposition 
of silica microspheres, and Cornelis et al. (2013) found extractable Al in sediments was 
correlated with increasing attachment efficiency of silver ENPs. Numerous other studies 
demonstrate the importance of Fe-oxide coating on quartz sand in ENP transport (Han et 
al., 2014; Wang et al., 2012); however, coatings on quartz sand are artificial and may not 
behave the same as Fe-oxide coatings in natural sediments. Additionally, SOM and 
Fe/Al-oxyhydroxides often co-exist in natural sediments, therefore, research is needed to 
understand not only their individual effect, but also their synergistic effect when both are 
present in one heterogeneous system.  
The objective of this study was to examine the influence of SOM and Fe/Al-
oxyhydroxides on ENP transport in a natural sediment and identify the underlying 
mechanisms. A natural sediment was separated into portions, treated to deplete specific 
components (Fe/Al-oxyhydroxides, SOM, or both), and used in systematic laboratory 
column experiments to determine the influence of sediment component(s) on ENP 
transport using nanoscale titanium dioxide (nTiO2) as a representative ENP. By 
comparing nTiO2 breakthrough curves and changes in water chemistry and particle 
property in different column experiments, mechanisms of how SOM and Fe/Al-
oxyhydroxides influence particles retention and transport were proposed.  
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2.2 Materials and methods 
2.2.1 Transport media 
The sediment was a diamicton from central Newfoundland, Canada; used and 
characterized in previous work (Fisher-Power et al., 2016; Mizutani et al., 2017). This 
sediment was chosen as an example of aquifer materials as found in natural 
environments. It was glacial in origin, mainly composed of plagioclase (36%), quartz 
(31%), alkali feldspar (13%), and a variety of other silicates (Figure S1 panel A, SI). The 
sediment also contained important minor components including SOM as well as 
crystalline and amorphous metal oxyhydroxides. Before being used in any experiments, 
the sediment was air dried, sieved to less than 2 mm, and homogenized to avoid settling. 
The sediment was separated into four representative portions: to be (1) untreated, (2) 
treated to deplete SOM using hydrogen peroxide (H2O2) based on a procedure by Jackson 
(1958), (3) treated to deplete amorphous metal oxyhydroxides using a modified 
ammonium oxalate under darkness (AOD) method, and (4) treated to deplete both SOM 
and metal oxyhydroxides using AOD extraction followed by H2O2 extraction. Details of 
the treatment processes are described in the Supporting Information (SI).  
After processing, each sediment was characterized to elucidate their properties 
and differences resulting from the treatments. Modal mineralogy from X-ray diffraction 
(XRD), pH, grain size distribution, and ZP were determined; as well as the quantification 
of extractable Fe and Al oxides; soil organic carbon (SOC) (used to represent SOM); and 
leachable DOC (used to represent leachable DOM). Select characterizations of the 
untreated sediment were completed previously (Fisher-Power et al., 2016; Mizutani et al., 
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2017), and additional characterizations were completed in this study, with detailed 
procedures in the SI. 
Additionally, quartz sand (0.252-0.355 mm diameter) from Univar Canada was 
used as control porous media, as nTiO2 transport in pure quartz columns is well 
documented. To remove impurities, the sand was soaked in 0.1 mol/L NaOH for 24 
hours, followed by 24 hours in 0.1 mol/L HCl, and rinsed with deionized water until the 
absorbance of the water mixed with sand was zero.  
2.2.2 Column experiments 
To determine the influence of the natural sediment and individual sediment 
components on nTiO2 transport, systematic column experiments were conducted using 
quartz sand and each variation of the sediment as the transport medium (summary of 
experimental conditions in Table S1, SI). Sediments were packed into a column at a 1:4 
sediment to quartz sand mass ratio, based on practical considerations (maintaining 
sufficient hydraulic conductivity and ensuring particulates were low as to not clog 
column stoppers). The sediments and quartz sand were mixed uniformly by shaking the 
dry material before packing and mixing while packing the saturated columns.  
A  Kimble Kontes Chromaflex ® chromatography column (2.5 cm inner diameter 
and 15 cm length) made of borosilicate glass was used to hold the transport medium. The 
column was fitted with 20 µm high-density polyethylene bed supports on each end and 
configured vertically, with Cole-Parmer Masterflex ® Tygon 0.8 mm tubing connected to 
either side. For each experiment, the column was packed with sediment and/or quartz 
sand, and nTiO2-free 1 mM NaCl background solution adjusted to pH 5 or 9 (typical pH 
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range of groundwater chosen above and below the PZC of nTiO2). Small volumes of 
background solution followed by porous media were added incrementally until the entire 
column was full, tapping and packing to remove air bubbles and ensure uniform packing. 
The volume of background solution added to saturate the column and dry mass of porous 
media used was recorded, allowing for calculations of porosity and bulk density.  
Aeroxide® P25 titanium (IV) oxide powder from Arcos Organics with minimum 
99.5% purity was used to prepare the nTiO2 suspensions. Previous analysis determined 
the powder was 90% anatase and 10% rutile (Wu and Cheng, 2016). For all experiments, 
50 mg/L nTiO2 suspensions were prepared in 1 mM NaCl in nanopure water and 
sonicated by Branson Digital Sonifier® (Crystal Electronics) at 200W, 30% amplitude, 
for 30 minutes. The pH of nTiO2 suspensions were adjusted to pH 5 or 9 after sonication 
using small volumes of 1.0 mol/L NaOH or HCl solution. 
Prior to nTiO2 injection, 1 mM NaCl background solution with pH 5 or 9 (to 
match the pH of the influent suspensions) was injected for approximately 16 hours at a 
rate of 1 mL/min using a Masterflex® peristaltic pump from Cole-Parmer to ensure that 
electrical conductivity, light absorbance, and pH of the effluent became stable. 50 mg/L 
nTiO2 suspension was then injected for 7 pore volumes before influent was switched 
back to nTiO2-free background solution. The column experiments were completed when 
no nTiO2 was detectable in the effluent.  
During particle injection and elution stages, effluent samples were collected using 
a Spectrum® Labs C-F2 Fraction Collector and monitored for pH and electrical 
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conductivity. Light absorbance of the samples were analyzed by a Thermo Scientific 
GENESYS™ 10S UV-Vis Spectrophotometer at wavelength 368 nm, and nTiO2 
concentration was determined using a calibration curve generated by diluting the 50 mg/L 
nTiO2 suspension. At the midpoint of nTiO2 injection (~3.5 pore volumes) effluent 
samples were collected for ZP and hydrodynamic diameter (HDD) analysis by a Malvern 
Nano ZS Zetasizer. DOC concentration of column effluents was analyzed by an OI 
Analytical Aurora 1030 Total Organic Carbon Analyzer. nTiO2 recovery in each 
experiment was calculated as the ratio of the sum of nTiO2 mass in the effluent samples 
and the total injected nTiO2 mass. Influent pH was checked over time (adjusting as 
necessary to keep stable at pH 5 or 9), and light absorbance of influent suspensions was 
monitored to ensure particle stability. All column experiments were conducted in 
triplicate. 
2.3 Results and Discussion 
2.3.1 Sediment properties 
The treatment processes were successful in removing their target components 
(Fe/Al-oxyhydroxides, SOM, or both) (Figure 1) while generally preserving the 
sediment’s other properties (Table S2, SI). Fe/Al-oxyhydroxide concentrations varied 
according to sediment treatment, with the greatest amounts in the untreated sediment 
(Figure 1a and 1b). Processing by AOD and AOD-H2O2 to deplete metals was 96-97% 
effective in removing AOD extractable Al and 81-88% effective for Fe; however, 
treatment by H2O2 for organic depletion also removed 42 and 62% Al and Fe respectively 
(Figure 1a). This was due to degradation and removal of Fe/Al-oxyhydroxides naturally 
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associated with organic matter in the sediment during the H2O2 procedure (Tipping et al., 
2002; Yang et al., 2013). Dithionite-citrate-bicarbonate (DCB) extractable Fe was less 
affected by the treatment processes, as it includes some crystalline Fe (not extractable by 
AOD) in addition to amorphous Fe (Mehra, 1958), with 74-75% removal for AOD and 
AOD-H2O2 treated sediments and 48% for H2O2 treated sediment (Figure 1b). Again, Fe 
depletion for the H2O2 treated sediment was a result of Fe-oxyhydroxides associated with 
SOM being removed. SOC concentration in the sediments also changed according to 
treatment type (Figure 1c). Treatments that targeted SOM (H2O2 and AOD-H2O2) 
removed most of the sediment’s original SOC, reducing by 90-94%; however, the AOD 
treatment (which targeted metal oxyhydroxides) also removed a substantial percentage 
(79%) of SOC (Figure 1c). This was a result of leaching and degradation of SOC 
associated with Fe/Al-oxyhydroxides in the sediment, which were consequently removed 
during the treatment process (Fisher-Power et al., 2016; Tipping et al., 2002; Yang et al., 
2013). 
25 
 
 
Figure 1. Proportions of Al, Fe, and SOC in the sediments. 
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2.3.2 nTiO2 transport  
 nTiO2 breakthrough curves were determined a function of pH and porous medium 
in the column experiments (Figure 2; Figure S2, SI with error bars). Effluent nTiO2 
concentrations were low for all experiments with influent pH 5; and typically much 
higher for experiments with influent pH 9 (Figure 2). Columns containing only quartz 
sand had 0% recovery of nTiO2 for experiments with influent pH 5 (Figure 2a); whereas 
almost all of the injected nTiO2 (96%) was recovered for experiments with influent pH 9 
(Figure 2b). Breakthrough patterns for the sediments at influent pH 5 varied according to 
sediment type (Figure 2a), with the untreated sediment having the highest effluent 
recovery (~3.6%). AOD treated sediment had significant but low nTiO2 recovery (~1%) 
at influent pH 5, while H2O2 and AOD-H2O2 treated sediments had zero or near zero 
nTiO2 recovery, similar to the quartz sand (Figure 2a). 
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Figure 2. nTiO2 breakthrough curves for experiments with influent pH 5 and 9. C/C0 is 
the ratio of recovered nTiO2 concentration to nTiO2 concentration in the influent. 
nTiO2 transport was also dependent on sediment type for the pH 9 influent 
experiments (Figure 2b). Two of the sediments had high nTiO2 recovery; the AOD-H2O2 
treated sediment with ~93%, and the untreated natural sediment with ~80%. In contrast, 
low recovery of nTiO2 was observed for the AOD and H2O2 treated sediments; the AOD 
treated sediment had ~6% recovery, whereas no nTiO2 was recovered from the H2O2 
treated sediment (Figure 2b). Blocking shapes (characteristic of deposited nTiO2 
preventing further deposition as collector surfaces become covered (Johnson et al., 1996; 
Johnson and Elimelech, 1995; Liu et al., 1995; Song and Elimelech, 1993)) were 
observed for the untreated sediment and for the AOD-H2O2 treated sediment to a greater 
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extent, as less deposition sites were available due to the AOD and H2O2 treatment 
processes.  
Despite changes in Fe/Al-oxyhydroxide and SOC concentrations, XRD spectra 
showed that mineralogy of each treated sediment did not greatly differ from the untreated 
sediment, indicating that bulk mineralogy was not significantly affected by the treatment 
processes (Figure S1, SI). The pH of the sediments was not strongly influenced by the 
treatments (ranging from 5.74 to 5.86 for the untreated, AOD treated, and H2O2 treated 
sediments) except for the AOD-H2O2 treated sediment which increased to 6.35 (Table S2, 
SI). Grain size distribution changed slightly for the AOD and AOD-H2O2 treated 
sediments; the treated sediments had a higher proportion of sand-sized particles but lower 
proportion of clay and silt relative to the untreated sediment (Table S2, SI). A larger 
change was observed for the H2O2 treated sediment grain size distribution, as the 
proportion of sand size particles increased and fine particles decreased (Table S2, SI), 
presumably due to the breakdown and loss of fine particles during treatment.  
The influence of physical properties of the porous medium also needed to be 
considered. Quartz sand columns had porosity of 40%, whereas porosity of mixed 
sediment and sand columns was slightly less (36-37%) due to grain size variation (Table 
S2, SI). Similarly, bulk density was 1.73 g/cm3 for quartz sand, and slightly greater for 
treated sediments (1.77-1.83 g/cm3) (Table S2, SI). Although quartz sand has smoother 
surfaces, larger mean grain size and pore diameters, and reduced specific surface area 
(SSA) relative to sediment, which may enhance nTiO2 transport, quartz was a major 
mineral phase of each of the sediments (Figure S1, SI), and extra quartz sand was added 
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to each of the sediments at a consistent ratio, allowing for focus on the influence of 
varying SOM and Fe/Al-oxyhydroxide content. 
2.3.3 Zeta potential of nTiO2 and sediments 
The zero recovery of nTiO2 in quartz sand at pH 5 and nearly 100% recovery at pH 9 
can be explained by comparing the ZP of nTiO2 and quartz at pH 5 and 9 (Figure 3). At 
pH 5, nTiO2 was positively-charged and quartz sand had negative ZP (Figure 3), leading 
to electrostatic attraction and zero recovery in column effluents (Figure 2a). Conversely, 
at pH 9 nTiO2 was negatively-charged as was quartz sand (Figure 3), and therefore 
electrostatic repulsion occurred, leading to nearly 100% recovery (Figure 2b). This logic 
also partially explained nTiO2 transport behavior in the sediments; however, it disagrees 
with some of the experimental results. As expected, positive nTiO2 at pH 5 was attracted 
to the untreated, AOD treated, and AOD- H2O2 treated sediments with negative ZPs 
(Figure 3), accounting for the low recoveries (Figure 2a); and negative nTiO2 at pH 9 was 
repelled by the untreated and AOD-H2O2 treated sediments with negative ZPs (Figure 3), 
agreeing with the high recoveries (Figure 2b). In contrast, the H2O2 treated sediment at 
pH 5 had a positive ZP suggesting it should repel positive nTiO2 (Figure 3), however, no 
nTiO2 was recovered from the H2O2 treated sediment columns at pH 5 (Figure 2a). 
Additionally, the negative ZP of the AOD and H2O2 treated sediments at pH 9 suggested 
that negatively-charged nTiO2 should be repelled, leading to high recovery (Figure 3), 
however, low nTiO2 recovery was observed in these experiments (Figure 2b). A 
limitation of the sediment ZP measurement was that it may not be representative of all 
the surface sites in the sediment, tending to disproportionally favor certain components. 
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For example, amorphous Al and Fe, clays, and DOM were more likely to be mobilized 
and represented by these measurements in comparison to larger solid sites that existed in 
the sediment, such as quartz and other minerals. The H2O2 treated sediment leached a 
higher proportion of positively-charged Fe/Al-oxyhydroxides relative to negatively-
charged DOM due to SOM depletion, accounting for the reported positive ZP at pH 5. 
Despite this positive ZP, the H2O2 treated sediment also contained negatively-charged 
quartz and other minerals which were less represented by the ZP measurement, and 
attracted nTiO2 accounting for the nil recovery. 
 
Figure 3. Zeta potential of quartz sand, sediments, and nTiO2 at pH 5 and 9. Zeta 
potential of quartz sand determined previously by Wu and Cheng (2016). 
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2.3.4 nTiO2 transport mechanisms 
Discrepancies in predicted and observed nTiO2 transport based upon ZPs indicated 
that individual sediment component ZPs under experimental pH conditions needed to be 
considered. Although effluent pH remained approximately constant during each 
experiment (Figure S3, SI), pH of the column effluents varied from the influent pH of 5 
or 9 as the porous media buffered suspension pH as it travelled through the column, 
which could have large effects on ZP and therefore nTiO2 transport (Figure 4a). Xu et al. 
(2012) reported pH buffering by acidic soils was correlated to cation exchange capacity 
and deprotonation of SOM, consistent with the sediment used in this study. Effluent pH 
was buffered closer to the natural pH of each sediment (Table S2, SI), and was similar for 
experiments at both 5 and 9, slightly higher for pH 9 influents (Figure 4a). pH buffering 
by the sediments in the pH 9 experiments was stronger than in the pH 5 experiments, as 
the sediments were naturally acidic (Table S2, SI). 
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Figure 4. Column effluent pH, DOC, and zeta potential for each experiment. 
 
Differences in influent and effluent pH indicated that pH of the pore water changed 
along the column length, and consequently influenced ZP of nTiO2 and sediment 
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components and therefore the nature of their electrostatic interactions. At either end of 
the column existed two pH end members: the influent, with pH adjusted to 5 or 9; and the 
effluent, with pH influenced by the transport media. To determine zones of theoretical 
attractive or repulsive electrostatic interactions between nTiO2 and various sediment 
components, pH of each column influent and effluent was plotted (pH 5 influent 
experiments at the top, and pH 9 at the bottom) along with charges of representative 
sediment components and nTiO2 (positive or negative, based on each component’s PZC) 
in Figure 5. Quartz was selected to represent the bulk minerals in the sediment, because 
the majority of minerals had strongly negative ZP under the pH range of our experiments 
(Mikanovic et al., 2006; Prasanphan and Nuntiya, 2006; Salopek et al., 1992). Fe oxide 
was representative of the metal oxyhydroxides in the sediment, due to its variable ZP 
with changing pH; whereas the major constituent of SOM, humic substances, was chosen 
for SOM. Although a wide range of PZC values have been reported for nTiO2 
(Kosmulski, 2002), 6.2 represents an average previously determined for nTiO2 under the 
same water chemistry conditions (Loosli et al., 2013). If the true PZC of nTiO2 is slightly 
higher or lower than 6.2, and the line in Figure 5 is shifted slightly, the explanation of 
results remains the same due to the range of charges experienced for each component 
along column length. 
ENP transport may also be influenced by changes in ionic strength, composition, and 
valence; alterations in pore space and geometry; as well as sediment colloids and clays  
(e.g., Akaighe et al., 2012; Chen et al., 2011a; French et al., 2009; Frimmel and Niessner, 
2010; Tang and Cheng, 2018; Zhou et al., 2012). In the interpretation of our results, we 
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assumed that changes in each of these factors among the different sediment types were 
negligible, and therefore only changes in pH and SOM and Fe/Al-oxyhydroxide 
concentrations were responsible for the observed nTiO2 transport behavior.  
 
Figure 5. Column effluent pH and ranges of positive or negative surface potentials for 
nTiO2, Quartz, SOM, and Fe oxides based on previously determined PZC (quartz and Fe 
oxide (Huang, 1995), nTiO2 (Loosli et al., 2015; Parks, 1965), SOM (Philippe and 
Schaumann, 2014)). 
 
For the pH 5 influent experiments, column effluent pH remained within a range 
where nTiO2 was expected to be positively-charged, except for the AOD-H2O2 treated 
sediment, with effluent pH 6.31 (Figure 5). Although the AOD-H2O2 treated sediment 
column effluent pH was above the PZC of nTiO2 (and any nTiO2 that eluded the column 
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was expected to be negatively-charged), no nTiO2 was detected in the column effluent 
because attraction to quartz and other minerals near the influent site caused retention of 
all of the nTiO2 in the column (before the pH was buffered above the PZC of nTiO2). 
Homoaggregation and straining was also possible under these conditions, however, the 
rate of aggregation in pore spaces occurs at much slower rates than deposition (Solovitch 
et al., 2010). In all of the sediments, quartz and other negatively-charged minerals were a 
major component, accounting for the low recovery of nTiO2 for the pH 5 influent 
suspensions as attractive forces were expected, and nTiO2 was retained in the column. 
Repulsive forces existed between nTiO2 and Fe oxides in this pH range; however, the Fe 
oxides were in much lower concentration relative to the minerals in the sediment, and 
were unlikely to cause repulsion under these conditions.  
Like quartz, forces between nTiO2 and SOM were also attractive under these 
conditions, therefore in sediments with sufficient SOM concentrations, nTiO2 was also 
attracted to SOM in the sediment. The SOM existed as either SSOM or leached as DOM; 
although SSOM may have attracted nTiO2 and removed it from pore water, DOM is 
known to facilitate the transport of ENPs. Wu and Cheng (2016) found that DOM, in 
concentrations as low as 0.13 mg/L, prevented nTiO2 attachment to quartz sand by 
adsorbing onto nTiO2 surfaces, thereby modifying nTiO2’s surface charge from positive 
to negative, and stabilizing it in suspension. Similar results have been reported indicating 
that DOM can play a major role in enhancing ENP transport (Chen et al., 2012; Loosli et 
al., 2013). In our experiments, the untreated and AOD treated sediments, which had not 
undergone the H2O2 organic degradation process, contained the greatest concentrations of 
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SOC (Figure 1) and were the only experiments with nTiO2 recovered in the column 
effluent (Figure 2a), as DOM leached from these sediments, attached to nTiO2 surface, 
and facilitated its transport. The highest concentrations of leached DOC in column 
effluents from the pH 5 experiments came from the untreated and AOD treated sediment 
(~ 0.20 mg/L) (Figure 4b), correlated with greatest nTiO2 recovery (Figure 2a), whereas 
the quartz sand, H2O2, and AOD-H2O2 treated sediments had lower leached DOC 
concentrations (Figure 4b), and therefore facilitation did not occur, and all of the injected 
nTiO2 was retained (Figure 2a). 
Although ZP of influent nTiO2 was positive at pH 5, effluent samples from the 
untreated and AOD treated sediments had negative ZP, -28 to -30 mV (Figure 4c), 
correlated to DOM adsorption onto nTiO2 reversing its surface charge to negative. 
Effluent ZP was not measured for the H2O2 and AOD-H2O2 treated sediments in the pH 5 
experiments due to no nTiO2 being detected in column effluents, correlated with lower 
DOC concentrations. Decreasing nTiO2 recovery with time was observed for the 
untreated and AOD treated sediments (Figure 2a), consistent with ripening behavior; 
where nTiO2 already deposited in the column attracted the nTiO2 with reversed charges, 
providing further evidence that DOM had adsorbed onto nTiO2 in these experiments 
(Chen et al., 2012; Gentile and Fidalgo de Cortalezzi, 2016; Liu et al., 1995). HDD of all 
the column effluents with nTiO2 recovered was smaller than that of the influent (Figure 
S4, SI), indicating that aggregation was not occurring. 
 In summary, two competing processes were responsible for nTiO2 behavior in the 
pH 5 experiments; the attachment of positively-charged nTiO2 to SOM, quartz sand, and 
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other negatively-charged minerals, removing it from the pore water, versus the attraction 
of leached DOM to nTiO2, which reversed the ZP of nTiO2 and facilitated transport. The 
majority of nTiO2 was retained in the column (>95%), indicating that attachment was the 
dominant process, whereas DOM influenced a small percentage. Physical differences 
between sediment and quartz sand (sediment with smaller pore sizes, rougher surfaces, 
greater SSA) suggested that quartz sand columns would yield greater transport of nTiO2, 
however, our results indicated enhanced transport was dependent on surface charges and 
leached DOM. 
pH buffering of influent suspensions by the sediments was much stronger in the 
pH 9 experiments, and a larger range of pH was experienced along the column lengths 
than in the pH 5 experiments (Figure 5). Within this range, as pH decreased from 9, ZP of 
nTiO2 changed from negative, to near neutral, and positive when pH was below its PZC 
~6.2 (Loosli et al., 2015; Parks, 1965). Additionally, surface charges on Fe oxides 
changed from negative to positive when pH was below their PZC of ~8.3 (Huang, 1995), 
whereas SOM and quartz remained negative across the whole range (Figure 5). These 
large changes in pH and ZPs of nTiO2 and Fe oxides indicated that electrostatic forces 
between nTiO2 and various sediment components were variable along the column 
lengths, leading to complex nTiO2 transport behavior.  
 The effluent pH of the quartz sand experiments at influent pH 9 (8.77) was not 
strongly buffered along the length of the column, and with negative surface potentials on 
both nTiO2 and quartz at this pH, repulsive electrostatic forces were expected (Figure 5). 
This was consistent with nearly 100% nTiO2 recovery observed in quartz sand columns at 
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pH 9 (Figure 2b). Like quartz sand, the AOD-H2O2 sediment had low concentrations of 
SOC and Fe/Al-oxyhydroxides (Figure 1), leaving a composition of mainly negatively-
charged minerals, and therefore negatively-charged nTiO2 was repelled and eluded from 
the AOD-H2O2 sediment columns as well (Figure 2b). High recovery (93%) for the 
AOD-H2O2 treated sediment alike the quartz sand confirmed that nTiO2 homoaggregation 
and straining was not a major factor in our experiments at this pH; and observed 
differences for the pH 9 experiments should be due to changes in Fe/Al-oxyhydroxides 
and SOM concentrations. 
About 80% of injected nTiO2 was recovered in untreated natural sediment column 
effluent (Figure 2b). This high recovery was attributable to electrostatic repulsion 
between nTiO2 and transport medium. Across the entire pH range of the untreated 
sediment column, nTiO2 carried negative charges and was repelled by like-charged SOM, 
quartz, and other minerals (Figure 5). Although anticipated electrostatic forces between 
nTiO2 and SOM were repulsive at pH 9 (Figure 5), a fraction of DOM may adsorb onto 
nTiO2 surfaces even at this high pH; and the magnitude of DOM adsorption would 
increase with decreasing pH along the column length (Wu and Cheng, 2016). It was 
therefore possible that in our experiments some of the leached DOM adsorbed onto 
nTiO2, facilitating transport and contributing to high nTiO2 recovery. This process 
became more important as pore water pH decreased along the column, which lowered 
energy barriers for DOM adsorption onto nTiO2. The effluent pH (6.33) was very close to 
the PZC of nTiO2, and therefore ZP was expected to be near zero. However, effluent ZP 
was found strongly negative at -32 mV (Figure 4c), indicating that nTiO2 eluding the 
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column could be covered by negatively-charged DOM. Effluent DOC of the untreated 
sediment column with pH 9 influent was found at 0.33 mg/L, the highest of all of the 
experiments (Figure 4b), confirming that DOM could have a strong effect on nTiO2.  
To explain the 20% of nTiO2 retained in the untreated sediment, two mechanisms 
were considered; attraction by Fe/Al-oxyhydroxides and the influence of surface 
roughness. Despite electrostatic forces between nTiO2 and Fe oxides being repulsive at 
the pH 9 influent site, as the suspension travelled through the column and was buffered 
by the sediment, it passed the PZC of Fe oxides, and Fe oxides became increasingly 
important away from the influent site as electrostatic forces became attractive and some 
of the nTiO2 was attached to oxides surfaces and removed from suspension (Figure 5). 
Additionally, although pH ranges of 9 to 6.2 for SOM and 9 to 8.3 for Fe oxides 
suggested repulsive electrostatic forces with nTiO2 (Figure 5), SSOM and metal oxides 
have irregular rough surfaces which are known to drastically reduce interaction energies 
between ENPs and porous media, and therefore these sites may have attracted some of 
the nTiO2 (Bayat et al., 2015; Shen et al., 2011; Wu and Cheng, 2016).  Bayat et al. 
(2015) found rough surface of dolomite grains accounted for 10% Al2O3 ENP deposition 
under unfavorable conditions, whereas Wu and Cheng (2016) reported that up to 15% of 
nTiO2 was deposited onto Fe oxide coating of quartz sand under unfavorable 
electrostatics at pH 9. Surfaces on Fe/Al-oxyhydroxides and SSOM within sediments are 
rough in nature (Li et al., 2017; Wu and Cheng, 2016), and therefore may have similarly 
led to increased deposition of nTiO2 even under unfavoured conditions. Repulsive forces 
between nTiO2 and quartz/minerals/SSOM and DOM facilitation were the dominant 
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processes governing nTiO2 transport in the untreated sediment, counteracted by attraction 
to Fe/Al-oxyhydroxides and rough surfaces. 
 In contrast to the other pH 9 experiments with high nTiO2 mobility, no nTiO2 was 
recovered from the H2O2 treated sediment column (Figure 2b). Buffered pH and complex 
competing interactions between nTiO2 and varying proportions of Fe/Al-oxyhydroxides 
and SOC accounted for the low recovery. The H2O2 treated sediment had its SOC and 
therefore DOC depleted (Figure 1c), and most likely retained all the injected nTiO2 in the 
buffered pH range of 8.3 to 6.2, where attractive electrostatic forces existed between 
nTiO2 and Fe oxides (Figure 5). AOD-Al, AOD-Fe and DCB-Fe were relatively high for 
the H2O2 treated sediment compared to the other treatments (except the untreated 
sediment) (Figure 1), whereas SOC was depleted and DOC concentrations in the column 
effluent were low (Figure 4b), therefore deposition of all the injected nTiO2 within the 
H2O2 treated sediment was most likely due to Fe/Al-oxyhydroxides playing an important 
role in attracting nTiO2 in the absence of SOM (Cornelis et al., 2013; Johnson et al., 
1996).  
For the AOD treated sediment column effluent, 6% of the injected nTiO2 was 
recovered, higher than nil recovery by the H2O2 treated sediment, but much lower than 
the other sediments. The reason for low nTiO2 recovery for the AOD treated sediment 
was similar to that of the H2O2 treated sediment; DCB-Fe strongly attracted nTiO2 under 
reduced SOM/DOM concentrations once pH was buffered below the PZC of Fe oxides. 
Even though AOD-Al and Fe were depleted by the AOD treatment process, DCB-Fe was 
still 26% of the original sediment’s (Figure 1a and 1b). Additionally, AOD treatment 
41 
 
reduced SOC by 79% (Figure 1c), which reduced DOM concentration in the pore water 
of the column, evidenced by lower DOC concentration in the column effluent (0.19 
mg/L, 57% relative to the untreated sediment) (Figure 4b). The nTiO2 that did elute the 
column (6%) was strongly negatively-charged (-35 mV) at pH 6.26 (Figure 4c), 
indicating that DOM had attached to and stabilized this small fraction of nTiO2. 
However, the DOM covered nTiO2 would have also been attracted to positively-charged 
DCB-Fe, limiting the facilitation of nTiO2 transport by DOM. 
The pH 9 experiments revealed nTiO2 transport was influenced by pH buffering by 
the sediments, which could cause electrostatic forces to change from repulsive to 
attractive when charges on nTiO2 and Fe reversed at their PZC. Quartz and other 
negatively-charged minerals always repulsed nTiO2 under these conditions, whereas 
Fe/Al-oxyhydroxides and rough surfaces led to nTiO2 attachment. Additionally, leached 
DOM may facilitate nTiO2 transport. Comparable nTiO2 transport in quartz sand and 
AOD-H2O2 treated sediment columns indicated variation in physical properties (such as 
pore size, grain roughness, and SSA) were not responsible for the differences in nTiO2 
transport behavior, whereas varying concentrations SOM and Fe/Al-oxyhydroxides had 
substantial effects, emphasizing their important influence on ENP transport. 
2.3.5 Environmental implications 
 ENPs in natural subsurface environments may travel through sediments with 
complex compositions including SOM and Fe/Al-oxyhydroxides, though their influence 
is little-known. Results of our column experiments demonstrated that SOM and Fe/Al-
oxyhydroxides could have big influence on nTiO2 retention and transport, even though 
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they were only minor components (< 1% by mass) in the sediment. pH was a key factor 
that determined the role of SOM and Fe/Al-oxyhydroxides, since pH strongly influenced 
ZP of nTiO2 and Fe/Al-oxyhydroxides, and therefore interactions of nTiO2 with various 
components in the sediment. Leached DOM, even at low concentrations, may 
considerably promote transport by adsorbing to and reversing ZP of nTiO2. Differences 
in nTiO2 transport in quartz sand and natural sediment columns emphasize the necessity 
of considering influences of SOM and Fe/Al-oxyhydroxides when evaluating ENP 
transport in natural sediments. 
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Chapter 3. Cu and Zn adsorption to natural sediment: Importance of 
soil organic matter and Fe/Al-oxyhydroxides 
Abstract 
Adsorption of heavy metals in subsurface environments is highly dependent on the 
composition of the soil and sediment. The importance of soil organic matter (SOM) and 
Fe/Al-oxyhydroxides in natural sediments on heavy metal adsorption has been previously 
identified; however, their individual and synergistic effects have not been fully examined. 
In this study, a natural sediment was treated to remove either SOM, Fe/Al-
oxyhydroxides, or both, and used in Cu and Zn batch adsorption experiments in the pH 
range of 3−8, with the objective of examining the influence of SOM and Fe/Al-
oxyhydroxides. Two methods of incorporating leached cations (predicted by calculation 
and by actual measurements) in surface complexation models were examined to 
determine the performance of each in predicting Cu and Zn adsorption. Experimental 
results showed that Cu and Zn adsorption was dependent on pH and sediment 
composition. Similar trends were observed for both Cu and Zn, but were more significant 
for Cu, indicating that Cu adsorption was more susceptible to changes in sediment 
composition than Zn. Cu adsorption was significantly reduced as a result of organic 
matter depletion when pH was <6.5, whereas when Fe/Al-oxyhydroxides were depleted, 
adsorption was greatly impeded when pH >6.5. Removal of both SOM and Fe/Al-
oxyhydroxides caused the largest decrease in adsorption across the entire pH range. 
Surface complexation models using measured leached cation concentrations generally 
better simulated Cu and Zn adsorption than models using calculated cation 
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concentrations. The models also suggested that the adsorptive sites in the treated 
sediments were not efficient for adsorbing Cu due to degradation, but still adequate for 
Zn. Our results emphasize the important influence of SOM and Fe/Al-oxyhydroxides on 
heavy metal adsorption and the necessity of considering their effect when modelling 
heavy metal transport in natural environments. 
3.1 Introduction 
Adsorption of heavy metals by natural sediments has important implications to the 
fate and transport of contaminants in subsurface environments. In natural environments, 
sediments are complex and contain soil organic matter (SOM) and metal oxyhydroxides 
in varying concentrations (Bradl, 2004). Although the importance SOM and metal 
oxyhydroxides in heavy metal adsorption has been documented (e.g., Agbenin and Olojo, 
2004; Fisher-Power et al., 2016; Mizutani et al., 2017; Pérez-Novo et al., 2008; Shi et al., 
2013), many adsorption models do not consider composition of the aquifer material, 
which may lead to inaccurate predictions. A further complication is that natural 
sediments leach multivalent cations and dissolved organic matter (DOM) which have 
been found to strongly influence adsorption (Cappuyns and Swennen, 2008; Fisher-
Power et al., 2016; Lumsdon, 2004; Shi et al., 2013, 2007; Xu et al., 2009). The effects of 
all of these components coexisting and competing in one system are unclear. Thus, 
information about the influence of each component on heavy metal adsorption is essential 
for understanding the mechanisms of heavy metal adsorption in the environment.  
SOM has a complex effect on heavy metal adsorption, as it may exist either in the 
dissolved or solid phase. McBride et al. (1997) noted that solid SOM (SSOM) limited 
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metal solubility, whereas DOM promoted metal solubility. Many other researchers have 
similarly reported that SSOM tends to adsorb aqueous heavy metals and remove them 
from the aqueous phase, while DOM may form stable aqueous complexes with heavy 
metals (Agbenin and Olojo, 2004; Pérez-Novo et al., 2008; Wang and Mulligan, 2006). 
The overall effect of SOM in natural sediments, both solid and dissolved, is poorly 
reported, and presumably a function of the affinity of each for heavy metals. Pérez-Novo 
et al. (2008) performed Cu and Zn adsorption experiments on sediments before and after 
treatment to remove SOM, and found Cu adsorption was greatly reduced, whereas Zn 
adsorption was also reduced but to a lesser extent, suggesting that overall SOM tends to 
promote metal sorption rather than decrease it. 
Amorphous Fe and Al oxyhydroxides have large surface areas per unit mass, and 
therefore have many surface functional sites available for adsorption (Shi et al., 2013; 
Wang et al., 2013). The adsorption capacity of amorphous oxides was previously found 
about 10 times higher than that of aged oxides, linked to increased cation exchange 
capacity and surface area (Shuman, 1977). In addition, Fe/Al-oxyhydroxides have 
heterogeneous surface charges and complexes which may act as adsorptive sites (Bradl, 
2004; Wang et al., 2013). Fe/Al-oxyhydroxides were found as the dominant adsorbing 
phase for Cu and Zn when pH was > 6.5, whereas SOM was more important when pH < 
6.5 (Fisher-Power et al., 2016). SOM and Fe/Al-oxyhydroxides often co-exist in natural 
sediments, and their synergistic effects on heavy metal adsorption are poorly 
documented. Agbenin and Olojo (2004) reported that removing SOM from soil reduced 
the distribution coefficient for Cu 40 times, but only by half for Zn; whereas removal of 
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amorphous metal oxides reduced the distribution coefficient for Cu 100 times and 20 
times for Zn. Research expanding on these ideas and findings would help to increase 
knowledge of heavy metal adsorption in heterogeneous natural sediments. 
In a previous study (Fisher-Power et al., 2016), laboratory batch experiments and 
surface complexation modelling was used to investigate Cu and Zn adsorption to a 
natural sediment, focusing on the influence of leached multivalent cations and DOM. The 
study found that leached cations substantially decreased Cu and Zn adsorption due to 
competition for adsorptive sites, whereas DOM decreased Cu adsorption due to the 
formation of aqueous Cu-DOM complexes. In a follow up investigation (Mizutani et al., 
2017), additional adsorption experiments were performed on the same sediment to 
examine the influence of solid to solution ratio (SSR) on Cu and Zn adsorption. In the 
current study, we focused on the individual and synergistic influence of SOM and Fe/Al-
oxyhydroxides on Cu and Zn adsorption to the same natural sediment to help understand 
how these sediment components influence heavy metal adsorption in the natural 
environment. The natural sediment was separated into four portions, one of which was 
unmodified, and the others treated to deplete SOM, Fe/Al-oxyhydroxides, or both. Each 
of the sediments were characterized and used in batch Cu and Zn adsorption experiments 
to determine the effects of SOM and Fe/Al-oxyhydroxides on Cu and Zn adsorption. In 
addition, two methods of incorporating competitive leached cations (Ca, Mg, Fe, and Al; 
predicted by calculation and by actual measurement) were implemented in chemical 
speciation software Visual MINTEQ (Gustafsson, 2010) to determine the performance of 
each in predicting Cu and Zn adsorption.  
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3.2 Materials and Methods 
3.2.1 Sediment collection, treatment, and characterization 
The sediment in this study was used and characterized in its untreated form in 
previous adsorption research (Fisher-Power et al., 2016; Mizutani et al., 2017). 
Additional characterization was completed in this study to elucidate the properties of the 
treated sediments relative to the untreated sediment. The sediment was considered a 
diamicton, collected from Gullbridge, central Newfoundland, Canada. It was sieved to 
remove fragments greater than 2 mm, air dried, and stored in the laboratory in a sealed 
bucket, mixing well before use. Mineralogy was previously determined (Fisher-Power et 
al., 2016) as dominantly plagioclase (36%), quartz (31%), alkali feldspar (13%), with a 
variety of other silicates (Figure S5, Supporting Information (SI)). The sediment was 
separated into four portions: (1) untreated; (2) treated using hydrogen peroxide (H2O2) 
based on a procedure by Jackson (1958) to deplete SOM; (3) treated using a modified 
ammonium oxalate under darkness (AOD) method (McKeague and Day, 1966) to deplete 
amorphous Fe/Al-oxyhydroxides; and (4) treated to deplete both SOM and Fe/Al-
oxyhydroxides (AOD procedure followed by H2O2 procedure). The treatment processes 
are described in detail in the Supporting Information (SI). 
After the treatment procedures, each portion of the sediment was characterized to 
determine their properties and differences relative to the untreated sediment. Modal 
mineralogy of crushed sediments was analyzed by Rigaku Ultima IV X-ray diffraction 
(XRD). Amorphous Fe and Al oxides were quantified by acid ammonium extraction 
under darkness (McKeague and Day, 1966), whereas dithionite-citrate-bicarbonate 
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(DCB) extraction (Mehra, 1958) quantified total extractable Fe (amorphous + some 
crystalline). The amount of soil organic carbon (SOC) was found by elemental 
combustion analysis using a Carlo Erba NA1500 Series II Elemental Analyzer. Sediment 
pH was found after mixing 1 gram of sediment in 5 mL nanopure water for 30 minutes. 
The grain size distribution and percentage of clay, silt, and sand were determined by a 
Horiba LA-950 Laser Particle Size Analyzer. Exchangeable Ca and Mg concentrations 
were determined using BaCl2 extraction (Hendershot and Duquette, 1986), and 
concentrations of originally sorbed Cu and Zn using 0.1 M HNO3 extraction. 
3.2.2 Adsorption experiments  
pH adsorption edge experiments were conducted using each of the four sediment 
types to determine how Cu and Zn adsorption is influenced by pH and sediment 
composition. In a 50 mL polypropylene centrifuge tube, 1 g of sediment was mixed with 
40 mL of 0.01 mol/L NaNO3 prepared in nanopure water and spiked with 3125 μg/L Cu 
and 3125 μg/L Zn. Blank samples were also prepared but excluded sediment as a control. 
The samples were mixed for 48 hours on a VWR orbital shaker (Model 5000) at 300 rpm. 
The pH of each sample was adjusted initially and over the shaking period by adding 
small volumes of 0.1 mol/L HNO3 or NaOH to achieve the range of 3-8. After the 48 
hours of mixing the samples were centrifuged, the final pH was measured, and the 
supernatant was separated and filtered through 0.22 µm membrane filters. Filtrates were 
analyzed by a HP 4500 Plus ICP-MS for Cu and Zn concentrations and an OI Analytical 
Aurora 1030 TOC Analyzer for dissolved organic carbon (DOC).  All experiments were 
performed at room temperature (22 °C). The difference between the total available Cu 
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and Zn (originally adsorbed and spiked) and the aqueous Cu and Zn in the filtrates 
determined the amount of Cu and Zn adsorbed to the sediment. The distribution 
coefficient (log kD) was calculated using Equation 1. 
 log kD = log
 C∗
C
                                                                                                                            (1) 
where 𝐶∗(mg/g) and C (mg/mL) are the adsorbed and aqueous concentrations of Cu or 
Zn at adsorption equilibrium, respectively. 
3.2.3 Surface complexation modelling 
Cu and Zn adsorption to each sediment was simulated using the component 
additivity approach in Visual MINTEQ (version 3.1) (Gustafsson, 2010). This approach 
assumes that sorbents do not interact with each other, all sorbent surfaces are available 
for adsorption, and only single solute-sorbent complexes are formed (Alessi and Fein, 
2010). Input parameters included pH, temperature, partial pressure of CO2 (10
-3.5 atm), 
and total concentrations of Na, NO3
-, Cu, and Zn. Measured DOC concentrations were 
input as well as the amount of organic carbon in the solid phase (the active fraction of 
SOC with respect to metal binding was set at 0.8; and SOC concentration was converted 
to SOM concentration assuming 50% of the SOM mass is SOC; as determined previously 
(Fisher-Power et al., 2016)). The Stockholm Humic Model (Gustafsson, 2001) was used 
to model adsorption and complexation by SSOM and DOM. Pre-defined adsorption 
models were used for calculating adsorption to Fe/Al-oxyhydroxides including models 
for goethite (1-pK three plane CD-MUSIC Model (Weng et al., 2001), input as the 
difference between DCB-Fe and AOD-Fe), ferrihydrite (4-site 1-pK three plane CD-
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MUSIC model (Gustafsson et al., 2011), input as AOD-Fe), and gibbsite (Gibbsite-DLM 
2-pK diffuse layer model (Karamalidis and Dzombak, 2010), input as AOD-Fe). Clays 
were modelled using a fixed charged site, assuming a cation exchange capacity of 0.1 
equivalent kg -1 (Shi et al., 2013). 
Two different methods were used to incorporate leached cations, with all other 
parameters consistent, to evaluate the performance of each method. In the first method, 
leached cation concentrations (Fe, Al, Ca, and Mg) were input based upon commonly 
used calculations, whereas experimentally determined concentrations were used in the 
second method. For the first method, leached Ca and Mg were calculated in Visual 
MINTEQ by inputting total BaCl2 extractable Ca and Mg concentrations and allowing the 
software to predict speciation. Al3+ activity was calculated by a linear regression model 
based on the solubility of Al hydroxide when pH > 5.5 (with solubility constant log Kso = 
8.3 as suggested by Visual MINTEQ for Al(OH)3 in soils), and a linear regression model 
between Al3+ activity and pH when pH < 5.5 as determined by Shi et al. (2013). Fe3+ 
activity was calculated using a linear regression model based on the solubility of Fe3+ 
hydroxides by assuming solubility control by Fe(OH)3 (with solubility constant log Kso = 
2.7 as suggested by Visual MINTEQ for aged ferrihydrite). For the second method, Ca 
and Mg concentrations and Al and Fe activities were input based upon previously well 
characterized cation leaching from the untreated sediment under the same conditions 
(Mizutani et al., 2017). Generally, Ca and Mg concentrations as well as Al and Fe 
activities were underestimated by the first method relative to the second method (Figure 
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6). To compare the performance of each method, the root mean square error (RMSE) 
between experimental and modelled results was calculated for each (Equations 2 and 3).  
RMSE (% adsorption vs. pH) = √
1
𝑛𝑑−𝑛𝑝
∑ (
% 𝑎𝑑𝑠𝑜𝑟𝑏𝑒𝑑 𝑒𝑥𝑝𝑒𝑟𝑖𝑚𝑒𝑛𝑡𝑎𝑙 − % 𝑎𝑑𝑠𝑜𝑟𝑏𝑒𝑑 𝑚𝑜𝑑𝑒𝑙
100 %
)
2
 (2) 
RMSE (log kD vs. pH) =√
1
𝑛𝑑−𝑛𝑝
∑(log 𝑘𝐷 (𝑒𝑥𝑝𝑒𝑟𝑖𝑚𝑒𝑛𝑡𝑎𝑙) − log 𝑘𝐷(𝑚𝑜𝑑𝑒𝑙))2     
 (3) 
where 𝑛𝑑 is the number of data points and 𝑛𝑝 is the number of adjustable parameters.  
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Figure 6. Comparison of leached Ca/Mg concentrations and Al/Fe activities for the 
untreated sediment, either calculated or determined from measurements by Mizutani et al. 
(2017), used in separate Visual MINTEQ models. 
 
3.3 Results and Discussion 
3.3.1 Changes in sediment properties 
 As a result of the AOD and H2O2 treatment processes, targeted components 
(Fe/Al-oxyhydroxides for AOD and SOM for H2O2) were greatly depleted relative to the 
untreated sediment (Figure 7). Amorphous Fe was reduced by 73-80% when the sediment 
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had undergone the AOD and AOD-H2O2 treatment processes, whereas amorphous Al was 
reduced by 95% (Figure 7a). Although amorphous Al was not targeted by the H2O2 
procedure, the H2O2 treated sediment was 35% depleted in amorphous Al, presumably 
due to Al associated with SOM in the sediment being removed during the H2O2 treatment 
process (Tipping et al., 2002; Yang et al., 2013). Amorphous Fe seemed enriched in the 
H2O2 sediment relative to the untreated sediment (Figure 7a); however, the standard 
deviation of both measurements overlapped, so it is likely that amorphous Fe was not 
significantly affected by the H2O2 procedure. DCB extractable Fe, which includes both 
amorphous and some crystalline Fe, was less affected by the AOD and AOD-H2O2 
treatment processes, with 60-62% removal (Figure 7b). Similar to AOD-Fe, the H2O2 
treatment did not significantly effect DCB-Fe (Figure 7b). SOC content also varied 
according to treatment type, with 84-90% removal from the H2O2 and AOD- H2O2 treated 
sediments, and 61% removal for the AOD treatment (Figure 7c). Although the AOD 
treatment did not target SOC, the large SOC depletion was a result of the leaching and 
degradation of SOC associated with amorphous Fe/Al-oxyhydroxides in the sediment 
during treatment (Fisher-Power et al., 2016; Tipping et al., 2002; Yang et al., 2013). 
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Figure 7. Proportions of AOD-Al and Fe, DCB-Fe, and SOC in the sediments. 
 
XRD spectra of each sediment indicated that although large changes occurred in 
Fe/Al-oxyhydroxide and SOC concentrations in the treated sediments, mineralogy 
remained generally unchanged (Figure S5, SI). Grain size distributions were largely 
unaffected (Figure S6, SI), with a greater proportion of clay sized particles in the H2O2 
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and AOD-H2O2 treated sediments due to the breakdown of particles during the H2O2 
treatment process (Table S3, SI). pH of the sediments varied from 5.07-6.30 (Table S3, 
SI) presumably caused by variations in SOM and Fe/Al-oxyhydroxide content (Xu et al., 
2012). Concentrations of exchangeable Ca and Mg varied due to the treatment processes 
(Table S3, SI) (a result of the degradation and removal of Fe/Al-oxyhydroxides and 
SOM); however, Ca and Mg leaching is mainly controlled by cation exchange capacity 
(Fisher-Power et al., 2016; Hendershot and Duquette, 1986), therefore each variation of 
the sediment would have leached similar concentrations of Ca and Mg under the 
experimental conditions. The originally sorbed Cu and Zn concentrations varied with 
sediment treatment as well (Table S3, SI); the AOD and AOD-H2O2 treated sediment had 
all of its extractable Cu removed, indicating that the AOD process was also effective in 
removing Cu ions. The same was not true for Cu in the H2O2 treatment, in which 
extractable Cu increased, indicating that more Cu was readily desorbed due to the 
degradation of SOM sites in the sediment. An increase in extractable Zn was observed for 
all treated sediments (Table S3, SI), a result of the degradation of Fe/Al-oxyhydroxides 
and SOM in the sediment in which Zn would typically more strongly adsorb.  
 Leached DOC concentrations from each sediment in the batch experiments 
indicated that DOM leaching was dependent on pH and sediment type (Figure 8). At pH 
< 5.5, the untreated, AOD treated, and H2O2 treated sediments had similar leached DOC 
concentrations (5-10 mg/L), with gradual decrease with increasing pH for 3 to 5.5. After 
minimum concentrations in the mid pH range 5.5 to 6, the untreated sediment had a large 
increase in leached DOC, up to 25 mg/L, as pH approached 8. This was consistent with 
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our previous adsorption experiments, where DOC release was the greatest at high pH due 
to the deprotonation of SOM (Fisher-Power et al., 2016; Mizutani et al., 2017). The same, 
however, was not observed for AOD and H2O2 treated sediments, as DOC leaching 
increased from pH 6 to 8 only slightly, indicating that excess DOC had been removed 
during the treatment processes. This was consistent with the removal of SOC from the 
sediments as indicated in Figure 7c. The AOD-H2O2 treated sediment had the lowest 
leached DOC concentrations consistently across the pH range, never more than 3.5 mg/L, 
indicating that undergoing both sediment treatment processes removed much of the 
leachable DOC from the sediments.  
 
Figure 8. Concentrations of DOC leached from each sediment during the adsorption 
experiments. 
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3.3.2 Adsorption experiment results 
Adsorption of Cu and Zn was dependent on pH and sediment type (Figure 9). For 
all the experiments, Cu adsorption was greater than Zn adsorption, and adsorption of both 
Cu and Zn increased with increasing pH. This was consistent with numerous reports of 
preferential adsorption of Cu over Zn in competitive circumstances (Agbenin and Olojo, 
2004; Elliott et al., 1986; Fisher-Power et al., 2016; Gomes et al., 2001; Pérez-Novo et 
al., 2008). The untreated sediment generally adsorbed the most Cu and Zn, with greater 
differences in adsorption for the treated sediments observed for Cu than Zn. At pH 3 for 
the untreated sediment, Cu adsorption was at its minimum around 40%. A sharp edge 
occurred for Cu between pH 4 to 5, where adsorption increased from around 45 to 90% 
adsorbed. Cu adsorption continued to rise from pH 5-6 where it reached a maximum 
around 95%, however, adsorption decreased to 87% as pH increased to 8. This decrease 
and the overall trend was more distinct in the log kD data (Figure 9b). Zn adsorption was 
very low at pH 3 (<5%), and rose gradually from pH 4 to 7 up to 87% where it reached a 
stable plateau as pH increased to 8 (Figure 9c). The log kD data for Zn emphasized these 
trends, and unlike the Cu data, no decrease in adsorption was observed for Zn after a 
maximum was reached (Figure 9d). Similar adsorption edge behavior was observed for 
Cu and Zn adsorption to a savanna alfisol by Agbenin and Olojo (2004), and in previous 
work (Mizutani et al., 2017), identical adsorption experiments were conducted on the 
untreated sediment and the results from both were found to be the same (Figure S7, SI). 
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Figure 9. Experimentally determined Cu (a and b) and Zn (c and d) percentage adsorbed 
(a and c) and log kD (b and d) for each sediment in the 3-8 pH range. 
 
We previously determined that at pH < 6.5, SSOM was the dominant adsorbent for 
Cu and Zn, whereas Fe/Al-oxyhydroxides were more important when pH was > 6.5 
(Fisher-Power et al., 2016; Mizutani et al., 2017). Additionally, leached cations 
suppressed Cu and Zn adsorption, most influentially at low pH (< 6) where greater 
leached concentrations provided more competition for adsorptive sites in the sediment 
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(Fisher-Power et al., 2016; Mizutani et al., 2017). Leached DOM tended to decrease Cu 
adsorption when pH was > 6, due to the formation of aqueous Cu-DOM complexes at 
high DOC concentrations (Fisher-Power et al., 2016; Mizutani et al., 2017), which was 
consistent with the results of this study where Cu adsorption decreased after pH 6, but Zn 
was unaffected. It has been widely reported that Cu has a greater affinity for SSOM and 
DOM than Zn, also consistent with our experimental observations (e.g., Agbenin and 
Olojo, 2004; McBride et al., 1997; Pérez-Novo et al., 2008). 
The treated sediments typically had reduced adsorption relative to the untreated 
sediment, to a much greater extent for Cu than Zn (Figure 9). The sediment treated by 
AOD, which had amorphous Fe/Al-oxyhydroxides depleted, adsorbed much less Cu at 
pH range 3-7. Cu adsorption was reduced from 40% in the untreated sediment to 16% in 
the AOD treated sediment at pH 3, and reduced up to 55% in the mid pH range 4-6. For 
the AOD treated sediment adsorption maximum of Cu did not occur to until pH 8, rather 
than by pH 5 in the untreated sediment. Additionally, there was no decrease in Cu 
adsorption at pH > 6 as seen in the untreated sediment, as leached DOC concentrations 
were much lower for the AOD treated sediment (Figure 8). Zn adsorption was less 
effected by the AOD treatment, and was similarly low for the AOD treated sediment as it 
was for the untreated sediment at pH 3-5, but reduced in comparison from pH 5-7. In this 
range, Fe/Al-oxyhydroxides become more and more important in adsorbing Zn, and their 
removal led to the observed decrease. The overall decreases in Cu and Zn adsorption for 
the AOD treated sediment were attributable to depleted Fe/Al-oxyhydroxides in the 
higher pH range 6-8 (where metal oxyhydroxides are the dominant adsorbent), but also 
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due to reduced SSOM concentrations that occurred during the AOD process in low pH 
range 3-6 (Figure 7c).  
Interestingly, the sediment treated by H2O2 to deplete organics had similar reduction 
of Cu adsorption as the AOD treated sediment (Figure 9 a and b). This indicated that 
much of the sediment’s SSOM active in Cu adsorption was removed not only by the 
H2O2 process (which targeted SOM), but also by the AOD process (Figure 7b). Though 
the reduction in Cu adsorption was explained by SSOM depletion for the lower pH range 
> 6.5 for the H2O2 treated sediment, adsorption maximum was not reached until pH 7.5, 
where Fe/Al-oxyhydroxides were likely the main adsorbing phase. In the H2O2 treated 
sediment, significant concentrations of amorphous Al were removed (Figure 7a), 
accounting for this reduction in Cu adsorption from pH 6.5 to 7.5. This again 
demonstrated that the treatment processes were not independent of one another, and 
removing either Fe/Al-oxyhydroxides or SOM from the sediment consequently caused 
reduction in the other as well, leading to large effects on adsorption. Zn adsorption was 
similar for the AOD and H2O2 treated sediments from pH 3-6, but thereafter Zn 
adsorption was greater for the H2O2 treated sediment and similar to the untreated 
sediment, as lesser proportions of Fe/Al-oxyhydroxides were removed, and therefore 
were available as adsorptive sites. In previous studies where natural sediment was treated 
by H2O2 to remove organic matter, Cu was greatly affected by the removal of SOM in 
comparison to Zn (Agbenin and Olojo, 2004; Pérez-Novo et al., 2008), consistent with 
our results. 
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The AOD-H2O2 treated sediment, which had both Fe/Al-oxyhydroxides and SOM 
depleted, had the lowest Cu and Zn adsorption of all the sediments, but reached the same 
maximum adsorption values at pH 8. This was a result of the removal of adsorptive sites 
on SSOM and Fe/Al-oxyhydroxides due to undergoing both treated processes, and 
therefore having the greatest proportions of Fe/Al-oxyhydroxide and SOM removed 
(Figure 7). Again, Cu adsorption was more affected by these changes, reduced up to 75% 
from pH 3-7 in comparison to the untreated sediment, whereas Zn was only reduced up to 
30% from pH 5-7. 
 A sediment was also treated to either deplete SOM by H2O2 treatment or metal 
oxyhydroxides by AOD treatment in a similar study, and it was reported that removing 
SOM reduced the distribution coefficient for Cu 40 times, but for Zn only by half; 
whereas removal of amorphous metal oxides reduced Cu distribution coefficient 100 
times and 20 times for Zn (Agbenin and Olojo, 2004). We did not observe a much larger 
decrease in Cu and Zn adsorption when our sediment was treated by AOD in comparison 
to H2O2, indicating SSOM was of a relatively greater importance than the metal 
oxyhydroxides in our sediment compared to theirs. A limitation of their study was that 
the treated sediments were not characterized, and therefore the removal efficiency of 
SOM and Fe/Al-oxyhydroxides was not reported. It is also unclear if the treatment 
processes were independent of one another or if any other properties of the sediment 
changed. The results of Agbenin and Olojo (2004) suggested that the processes were 
independent of one another, with metal oxyhydroxide removal causing the greatest 
reduction, different from our results.  
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 In another study, Coston et al. (1995) found that some of the natural coatings of 
amorphous and crystalline Fe and Al on quartz grains in a sediment were resistant to 
chemical extraction processes, and coating thicknesses were reduced by chemical 
treatments rather than complete removal. This suggests that a portion of the Fe/Al-
oxyhydroxides in our sediment were not depleted by the AOD treatment process (evident 
in Figure 7), and therefore still contributed to Cu and Zn adsorption. They found that Pb 
adsorption (similar to that of Cu) was decreased when grains with Fe and Al coatings 
were magnetically separated, but Zn adsorption was unaffected, suggesting that Fe/Al-
oxyhydroxides concentrations are not as sensitive for Zn adsorption as Cu and Pb 
(Coston et al., 1995). Other studies have documented that Cu was selectively adsorbed to 
Fe/Al-oxyhydroxides over Zn, and Zn was instead dominantly adsorbed to SSOM 
(Forbes et al., 1976; Grimme, 1968; Kinniburgh et al., 1976; McKenzie, 1980; Peng et 
al., 2018). Although Zn adsorption was not as affected by Fe/Al-oxyhydroxide depletion 
as Cu in our experiments, Zn adsorption was still significantly decreased, different than 
Coston et al. (1995) observed. This could possibly be linked to the simultaneous 
reduction of SSOM by the AOD treatment process, which may be responsible for the 
reduced Zn adsorption; as Coston et al. (1995)’s sediment did not contain significant 
organics. It also is possible SSOM compensated for depleted Fe/Al-oxyhydroxide 
concentrations in our sediment by playing a more important role in Cu and Zn adsorption. 
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3.3.3 Modelling results 
Model simulated adsorption was strongly impacted by the method used to estimate 
cation concentration (Figure 10 for Cu, Figure 11 for Zn). Large discrepancies were 
observed between the two methods, as well as each method and the experimental results. 
RMSE values for each method are displayed in Table 1, with lower values indicating a 
better model fit to experimental data. Generally, using measured ion concentrations 
provided a better fit than using calculated concentrations, however there were some 
exceptions. For the untreated sediment, Cu and Zn adsorption was modelled much better 
by using measured concentrations (Table 1). Cu adsorption to the untreated sediment was 
over predicted in the pH range 3.5-5 using calculated cation concentrations, and 
adsorption maximum was predicted to occur at pH 4, whereas the experimental data 
suggested the maximum did not occur until pH 5 (Figure 10 a and b). This was a result of 
under-prediction of leached cation concentrations by the calculations, and therefore under 
prediction of the magnitude of competition for adsorptive sites. Using measured cation 
concentrations provided better fit to the Cu experimental data for the untreated sediment. 
Both models predicted a plateau after pH 5.5, consistent with experimental results, 
however, the model with calculated ions more accurately predicted the decrease in Cu 
adsorption due to DOM complexation. This is consistent with our previous study, where 
increased cation concentrations led to increased Cu adsorption, as a result of greater 
competition for binding sites on DOM rather than sites in the solid phase (Fisher-Power 
et al., 2016). Zn adsorption was also over-predicted from pH 3.5-6 by the model using 
calculated cation concentrations for the untreated sediment, again due to under-prediction 
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of cation concentrations (Figure 11, a and b). In contrast, using the model with measured 
concentrations under-predicted the experimental measured adsorption of Zn from pH 4-6, 
indicating that the model over-predicted the magnitude of competition against Zn for 
adsorptive sites in the sediment.  
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Figure 10. Visual MINTEQ calculated Cu adsorption for each sediment in the 3-8 pH 
range. Symbols are experimental results, solid lines represent the model with calculated 
cations, and dashed lines represent the model with measured cations. 
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Figure 11. Visual MINTEQ calculated Zn adsorption for each sediment in the 3-8 pH 
range. Symbols are experimental results, solid lines represent the model with calculated 
cations, and dashed lines represent the model with measured cations. 
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Table 1. A comparison of calculated RMSEs between each model (either using measured 
or calculated cations) and experimental data for Cu and Zn adsorption. Lower values 
indicate a more appropriate model fit of the data. 
 Copper Zinc 
 % Adsorbed Log kD % Adsorbed Log kD 
 Measured 
cations  
Modelled 
cations 
Measured 
cations 
Modelled 
cations  
Measured 
cations  
Modelled 
cations  
Measured 
cations  
Modelled 
cations  
Untreated 
sediment 
0.10 0.17 1.45 2.52 0.13 0.15 1.81 5.94 
AOD 
treated 
sediment 
0.27 0.42 5.04 7.71 0.10 0.17 1.96 1.19 
H2O2 
treated 
sediment 
0.21 0.30 5.77 7.44 0.13 0.09 4.19 3.16 
AOD-H2O2 
treated 
sediment 
0.26 0.36 4.39 6.92 0.35 0.31 9.95 5.82 
 
Model predicted Cu adsorption to the AOD treated sediment for both methods was 
less accurate, with strong over-prediction from pH 3.5-7 (Figure 10, c and d); to a greater 
extent for the calculated cations model (Table 1). This over-prediction indicated that 
Visual MINTEQ over-estimated the capability of adsorptive sites on SSOM in the lower 
pH range and Fe/Al-oxyhydroxides in the higher range, indicating that the AOD process 
removed many of the active sites on SSOM and Fe/Al-oxyhydroxides for Cu binding. 
This also suggested that some of the SSOM and Fe/Al-oxyhydroxides in the AOD treated 
sediment were not efficient as the SSOM and Fe/Al-oxyhydroxides in the untreated 
sediment in adsorbing Cu, likely because the treatment process changed their properties. 
Zn adsorption, which was less affected by the AOD treatment, was predicted similarly as 
it was for the untreated sediment; slightly over-predicted when modelled cations were 
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used, and slightly under-predicted when measured cations were used (Figure 11, c and d). 
This was again probably due to the calculations under predicting leached cation 
concentrations, whereas Visual MINTEQ over-predicted the magnitude of competition 
from the measured cations. Similar RMSE values were reported for the two methods 
(Table 1).  
Similar to the AOD treated sediment, Cu adsorption for the H2O2 treated sediment 
was largely over-predicted by using calculated cation concentrations from pH 4-7, and by 
using measured cation concentrations from pH 5-7 (Figure 10, e and f). The over-
prediction was again likely due to the model’s over-prediction of the capability of the 
adsorptive sites on SSOM and Fe/Al-oxyhydroxides remaining in the H2O2 treated 
sediment, further suggesting that the properties of the SSOM and Fe/Al-oxyhydroxides 
were changed and they were not as effective as those in the untreated sediment for Cu 
adsorption. Conversely, model predicted Zn adsorption was reasonably accurate for the 
H2O2 treated sediment using either the calculated or measured cation concentrations 
(Figure 11, e and f). In this case, the model calculated cation concentrations matched the 
experimental data well (Table 1), with some under prediction from pH 6-8, whereas the 
measured cations data had stronger under-prediction from pH 5-8. The under-prediction 
in both methods indicated that Zn more readily adsorbed to SSOM and Fe/Al-
oxyhydroxides than anticipated by the models, possibly again due to over-prediction of 
competitive cations for adsorption sites.  
When both SOM and Fe/Al-oxyhydroxides were depleted, as in the AOD-H2O2 
treated sediment, both methods over-predicted Cu adsorption, whereas both models 
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under-predicted Zn adsorption (Figures 10 and 11, g and h). Cu adsorption was more 
strongly over-predicted using calculated cation concentrations and for a greater pH range 
(3.5-7) in comparison to the model using measured cation concentrations (pH 5-7) 
(Figure 10, g and h). These discrepancies were a result of under-estimated cation 
concentrations using the calculated cation concentrations as well as over-estimation of 
the adsorption capability of the remaining Fe/Al-oxyhydroxide sites. The AOD-H2O2 
sediment had undergone processes to deplete both SOM and Fe/Al-oxyhydroxides, again 
suggesting that most of the reactive adsorptive sites were removed, leaving behind SSOM 
and Fe/Al-oxyhydroxides which were not effective for adsorbing Cu. In contrast, Zn 
adsorption was under-predicted for the entire pH range, to a greater extent when using the 
measured cation concentrations (Figure 11, g and h). Under-prediction was the greatest 
from pH 5-7, where Fe/Al-oxyhydroxides were important for adsorbing Zn, suggesting 
that the Fe/Al-oxyhydroxides remaining in the sediment were more effective for Zn 
adsorption than predicted by Visual MINTEQ models, and cation competition was not as 
important as anticipated.  
For most of the cases, using measured cation concentrations provided more accurate 
predictions. Models were more accurate for the untreated sediment and less applicable for 
the treated sediments. This suggested that the inaccurate model predictions for the treated 
sediments arose due to altered properties of SOM and Fe/Al-oxyhydroxides as a result of 
the treatment processes, and the databases used which typically describe natural 
adsorbents were no longer suitable. In addition, the component additivity modelling 
approach used, which assumes that sorbents do not interact with each other, all sorbent 
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surfaces are available for adsorption, and only single solute-sorbent complexes are 
formed (Alessi and Fein, 2010) may not have been entirely valid. SOM and Fe/Al-
oxyhydroxides in our sediment may have existed as coatings and have been naturally 
associated with one another, and therefore ternary complexes between Cu/Zn, SOM, and 
Fe/Al-oxyhydroxides may have formed (Bradl, 2004; Peng et al., 2018), which the 
models did not account for. In future work, it is recommended that a general composite 
modelling approach (which does not require characterization of soil components) is 
attempted to improve model fit. 
3.3.4 Environmental implications 
Heavy metals in subsurface environments may travel through sediments containing 
SOM and Fe/Al-oxyhydroxides. Our results indicated that Cu adsorption was strongly 
dependent on sediment composition, greatly reduced due to organic matter depletion at 
pH <6.5, and due to Fe/Al-oxyhydroxide depletion when pH >6.5, whereas Zn was less 
effected. Experimental observations were typically better simulated by using 
experimentally determined concentrations of leached cations rather than calculated cation 
concentrations, suggesting that the calculated concentrations could be inaccurate. The 
models also indicated that the SSOM and Fe/Al-oxyhydroxide adsorptive sites remaining 
in the treated sediments were not as effective as those in untreated sediment for Cu 
adsorption, suggesting changes in the properties of SSOM and Fe/Al-oxyhydroxides. 
However, the SSOM and Fe/Al-oxyhydroxides in the treated sediments were still 
effective for Zn adsorption. Results of our adsorption experiments demonstrated that 
SOM and Fe/Al-oxyhydroxides could have a strong influence on heavy metal adsorption, 
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and adsorption by natural sediments may be a potential abundant and inexpensive 
remediation for contaminated sites. 
The SOM and Fe/Al-oxyhydroxide removal processes used in this study were not 
100% efficient at extracting their targeted components and also were not independent of 
one another (i.e. treatment to remove SOM also depleted Fe/Al-oxyhydroxides, and vice 
versa). Therefore, in future work it is recommended to explore a similar but opposite 
approach; instead of removing SOM and Fe/Al-oxyhydroxides from sediment, SOM and 
Fe/Al-oxyhydroxides could be systematically added in various concentrations to a 
mineral matrix. This method may more clearly determine the individual and synergistic 
influence of SOM and Fe/Al oxyhydroxides on heavy metal adsorption. This approach 
may also improve model predictions as the SOM or Fe/Al-oxyhydroxides would not be 
degraded in this method, and therefore more accurately be described by commonly used 
solid phase adsorptive databases. 
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Chapter 4. Summary  
 SOM and Fe/Al-oxyhydroxides in sediment have been found to have significant 
effects on contaminant transport, however, their individual and synergistic influence 
when coexisting in natural subsurface environments is little known. The goal of this 
thesis was to explore the influences of SOM and Fe/Al-oxyhydroxides on two different 
types of groundwater contaminants in two separate projects. The first project explored 
how ENP transport was effected by SOM and Fe/Al-oxyhydroxides, whereas the second 
project focused on heavy metal adsorption. In both projects, the same natural sediment 
was chemically treated to remove either SOM, Fe/Al-oxyhydroxides, or both; and each 
was used in systematic experiments to determine their individual and synergistic effects.   
 The effects of SOM and Fe/Al-oxyhydroxides on nTiO2 transport was explored in 
Chapter 2 by performing column experiments. It was found that nTiO2 transport was 
strongly influenced by SOM and Fe/Al-oxyhydroxides. In experiments with influent 
pH=5, positively-charged nTiO2 was attracted to negatively-charged minerals and SOM, 
and therefore transport was near zero. Leached DOM slightly enhanced nTiO2 transport 
by adsorbing onto nTiO2 surface, reversing ZP to negative, and stabilizing it in 
suspension. In experiments on the untreated sediment with influent pH=9, negatively 
charged minerals and SOM repelled negatively-charged nTiO2, and therefore transport 
was much higher. Despite this, when SOM or Fe/Al-oxyhydroxides were depleted, nTiO2 
transport was again low, a result of pH buffering by the sediments creating attractive 
zones between nTiO2 and Fe-oxyhydroxides in the sediment column. DOM was again 
found to adsorb to nTiO2, stabilizing it in suspension. This research emphasized the 
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importance influence of SOM and Fe/Al-oxyhydroxides on ENP transport natural 
sediments, and demonstrated how the results of laboratory experiments using quartz sand 
may not representative of natural subsurface environments. 
Chapter 3 focused on investigating how SOM and Fe/Al-oxyhydroxides 
influenced Cu and Zn adsorption to the same natural sediment using batch experiments. It 
was found that Cu adsorption was strongly dependent on SOM and Fe/Al-oxyhydroxide 
content, with effects to a lesser extent for Zn adsorption. Depleted SOM resulted in 
decreased adsorption when pH was < 6.5, whereas depleted Fe/Al-oxyhydroxides 
decreased adsorption when pH was > 6.5. Depletion of both SOM and Fe/Al-
oxyhydroxides decreased adsorption to the greatest extent for the entire pH range. 
Surface complexation models suggested that adsorptive sites remaining in the treated 
sediments were degraded and not as efficient for Cu adsorption, but were still suitable for 
Zn. The results from this research demonstrated how heavy metal adsorption could be 
strongly influenced by SOM and Fe/Al-oxyhydroxides, and emphasized their importance 
when modelling heavy metal behavior in natural subsurface environments. 
Some limitations were uncovered during both projects associated to the AOD and 
H2O2 sediment treatment processes. The treatments were generally successful at 
depleting their targeted components in both projects; however, there were some 
discrepancies between the properties of the treated sediments in Chapters 2 and 3. This 
was due to small modifications in the treatment process, as the procedure took place at a 
different time for each chapter. Separate characterizations were completed in each 
chapter to quantify the properties of the sediments each and account for these 
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discrepancies in the interpretation of each chapter’s results. It was also found that SOM 
and Fe/Al-oxyhydroxides were often naturally associated with each other in the sediment. 
This resulted in partial depletion of the non-targeted component during treatment, which 
did not fully isolate one specific component at a time. An implication of these limitations 
was that the SOM and Fe/Al-oxyhydroxides were not totally and independently isolated 
from the sediment; and therefore, the results were complicated and not strictly due to the 
100% removal of either SOM and/or Fe/Al-oxyhydroxides.  
In future research, it is recommended that a different approach is used to address 
the limitations from these projects and reveal more information about the influences of 
SOM and Fe/Al-oxyhydroxides on contaminant transport. Instead of chemically treating 
a natural sediment to remove specific components, components could be added one at a 
time to a control substrate (such as quartz sand) to determine their individual and 
synergistic effects. A caveat of this approach is that the composed sediments cannot then 
be considered “natural”; however, this type of study could be very useful to help isolate 
the individual and synergistic effects of SOM and Fe/Al-oxyhydroxides.  
  Overall, both chapters revealed important controls on groundwater contaminant 
transport in natural sediments by SOM and Fe/Al-oxyhydroxides, and demonstrated how 
observed transport can greatly alter from predictions that do not consider their influence. 
Based upon these findings, it is recommended that the influences of SOM and Fe/Al-
oxyhydroxides are considered when predicting contaminant transport in natural 
subsurface environments, and that SOM and Fe/Al-oxyhydroxides may be explored as 
potential tools for groundwater contaminant remediation.  
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Appendices 
Appendix 1. Supporting Information for Chapter 2 
Sediment treatment procedures 
To deplete amorphous metal oxyhydroxides (iron, aluminum, and manganese) from 
the sediment, a treatment process modified from McKeague and Day's (1966) ammonium 
oxalate under darkness method (AOD) was used. 40 mL of acidified ammonium oxalate 
(from stock solution of 8 g of ammonium oxalate and 5.44 g of oxalic acid in 500 mL 
nanopure water, with pH=3) was added to 10 g of natural sediment in a 50 mL 
polypropylene centrifuge tube, for 300 g (30 tubes) total. The tubes were capped, placed 
in a dark box, shaken on a VWR Standard Analog Shaker at 300 rpm for 24 hours, and 
centrifuged for approximately 5 minutes at 7000 rpm, discarding the supernatant. The 
procedure was then repeated a second time to remove more amorphous metal 
oxyhydroxides. To remove excess chemicals introduced the treatment, 40 mL of 0.01 mol 
/L NaCl was added to each tube and shaken for one hour, centrifuged at 7000 rpm for 5 
minutes, and supernatant discarded. The washing procedure was completed thrice, and 
then the sediment was left to air dry and homogenized. 
Organic matter in the sediment was depleted using hydrogen peroxide (H2O2), based 
on a procedure by Jackson (1958). 100 g of sediment was saturated with nanopure water 
in a 500 mL beaker and placed in a water bath on a hot plate, brought to about 90 °C. 
H2O2 was added to the saturated sediment in 5 mL increments, stirring as the reaction 
occurred, for a total of 30 mL added H2O2. Once nearly all of the liquid evaporated, the 
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beaker was removed from heat and let cool. The procedure was then completed a second 
time to remove more organic matter, washed thrice, and homogenized as described 
previously. The portion of sediment with both organic matter and amorphous metal 
oxyhydroxides depleted was generated by treating with the AOD procedure first and 
H2O2 procedure second, followed by washing and homogenizing.  
Sediment characterizations 
Modal mineralogy of crushed sediments was analyzed by Rigaku Ultima IV X-
ray diffraction (XRD) system. Amorphous Fe, Al, and Mn oxides were quantified by acid 
ammonium extraction under darkness (McKeague and Day, 1966), whereas dithionite- 
citrate-bicarbonate (DCB) extraction (Mehra, 1958) quantified total extractable Fe 
(amorphous + crystalline). The amount of soil organic carbon (SOC) was found by 
elemental combustion analysis using a Carlo Erba NA1500 Series II Elemental Analyzer 
and used to represent SOM. Dissolved organic carbon (DOC) that leached from each 
sediment at pH 5 and 9 was determined by shaking 1 gram of sediment in 50 mL of 1 
mM NaCl for 24 hours, monitoring and adjusting pH as needed, and measuring the 
supernatant with OI Analytical Aurora 1030 TOC Analyzer, used to represent leached 
DOM. Sediment pH was found after mixing 1 gram of sediment in 5 mL of nanopure 
water for 30 minutes. The relative amounts of clay, silt, and sand and grain size 
distribution were determined by Horiba LA-950 Laser Particle Size Analyzer. ZP of each 
sediment at pH 5 and 9 was found by mixing 1 g of sediment in 40 mL of 1 mM NaCl for 
24 hours, monitoring and adjusting pH as needed, and measuring the supernatant after 1 
hour of gravity settling by Malvern Nano ZS Zetasizer.  
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Table S1. Summary of experimental conditions 
Experiment # pH Porous Media 
1 5 
Quartz sand 
2 9 
   
3 5 20% Untreated natural 
sediment, 80% quartz 
sand 
4 9 
   
5 5 20% AOD treated 
sediment, 80% quartz 
sand 
6 9 
   
7 5 20% H2O2 treated 
sediment, 80% quartz 8 9 
   
9 5 20% AOD + H2O2 
treated sediment, 80% 
quartz sand 
10 9 
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Table S2. Properties of each sediment used in the column experiments 
Property 
Natural sediment 
(untreated) 
Metals depleted (AOD 
treated) 
Organics depleted 
 (H2O2 treated) 
Metals and organics 
depleted 
 (AOD-H2O2 treated) 
pH 5.77 ± 0.07 5.74 ± 0.007 5.86 ± 0.04 6.35 ± 0.03 
Zeta potential 
 (pH 5; 9) 
-27.8 ± 0.28 mV;  
-40.63 ± 1.88 mV 
-43.1 ± 1.83 mV;  
-54.95 ± 2.05 mV 
26.6 ± 1.41 mV; 
 -22.00 ± 6.08 mV 
-47.9 ± 1.27 mV; 
 -55.4 ± 0.71 mV 
Amorphous Al-
Hydroxides 
2.0 ± 0.18 mg/g 0.067 ± 0.08 mg/g 1.1 ± 0.1 mg/g 0.072 ± 0.01 mg/g 
Amorphous Fe-
Oxides  
1.5 ± 0.15 mg/g 0.27 ± 0.04 mg/g 0.55 ± 007 mg/g 0.17 ± 0.01 mg/g 
Total extractable 
 Fe-Oxides 
3.70 ± 0.14 mg/g 0.95 ± 0.1 mg/g 1. 91 ± 0.20 mg/g 0.93 ± 0.02 mg/g 
Soil Organic 
Carbon 
7.4 ± 0.4 mg/g 1.6 ± 0.4 mg/g 0.48 ± 0.08 mg/g 0.72 ± 0.3 mg/g 
DOC  
(pH 5, 9) 
171.21 ± 43.27 mg/kg; 
486.66 ± 147.85 mg/kg 
153.64 ± 6.75 mg/kg; 
223.39 ± 23.08 mg/kg 
37.54 ± 1.31 mg/kg; 
142.785 ± 52.43 mg/kg 
60.94 ± 0.46 mg/kg; 
88.64 ± 22.52 mg/kg 
Clay;  
Silt;  
Sand 
0.51 ± 0.16%; 
 42.66 ± 5.26%;  
56.83 ± 5.38% 
0.129 ± .13%; 
 40.83 ± 8.04%;   
59.04 ± 8.09% 
0%; 
 29.51 ± 0.89%;  
70.48 ± 0.89% 
0%;  
37.08 ± 2.40%;  
62.92 ± 2.40% 
Porosity (in 
columns with 
1:4 parts quartz 
sand) 
0.37 ± 0.015 0.37 ± 0.018 0.36 ± 0.003 0.36 ± 0.011 
Bulk density (in 
columns with 
1:4 parts quartz 
sand) 
1.77 ± 0.017 g/cm^3 1.83 ± 0.017 g/cm^3 1.83 ± 0.038 g/cm^3 1.79 ± 0.015 g/cm^3 
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Figure S1. Relative X-ray spectra and corresponding mineralogy of each sediment, 
measured by XRD and Reitveld refinement. 
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Figure S2. Average of triplicate nTiO2 breakthrough curve experiments with error bars as 
standard deviation.  
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Figure S3. Column effluent pH over time for each column experiment. 
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Figure S4. Column effluent HDD for each column experiment. 
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Appendix 2. Supporting Information for Chapter 3 
Sediment treatment procedures 
To deplete amorphous metal oxyhydroxides (iron, aluminum, and manganese) from 
the sediment, a treatment process modified from McKeague and Day's (1966) ammonium 
oxalate under darkness method (AOD) was used. 40 mL of acidified ammonium oxalate 
(from stock solution of 8 g of ammonium oxalate and 5.44 g of oxalic acid in 500 mL 
nanopure water, with pH=3) was added to 10 g of natural sediment in a 50 mL 
polypropylene centrifuge tube, for 300 g (30 tubes) total. The tubes were capped, placed 
in a dark box, shaken on a VWR Standard Analog Shaker at 300 rpm for 24 hours, and 
centrifuged for approximately 5 minutes at 7000 rpm, discarding the supernatant. The 
procedure was then repeated a second time to remove more amorphous metal 
oxyhydroxides. To remove excess chemicals introduced the treatment, 40 mL of 0.01 mol 
/L NaCl was added to each tube and shaken for one hour, centrifuged at 7000 rpm for 5 
minutes, and supernatant discarded. The washing procedure was completed thrice, and 
then the sediment was left to air dry and homogenized. 
Organic matter in the sediment was depleted using hydrogen peroxide (H2O2), based 
on a procedure by Jackson (1958). 100 g of sediment was saturated with nanopure water 
in a 500 mL beaker and placed in a water bath on a hot plate, brought to about 90 °C. 
H2O2 was added to the saturated sediment in 5 mL increments, stirring as the reaction 
occurred, for a total of 30 mL added H2O2. Once nearly all of the liquid evaporated, the 
beaker was removed from heat and let cool. The procedure was then completed a second 
time to remove more organic matter, washed thrice, and homogenized as described 
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previously. The portion of sediment with both organic matter and amorphous metal 
oxyhydroxides depleted was generated by treating with the AOD procedure first and 
H2O2 procedure second, followed by washing and homogenizing.  
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Figure S5. Relative X-ray spectra and corresponding mineralogy of each sediment, 
measured by XRD and Reitveld refinement. 
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Figure S6. Grain size distribution of each type of sediment as determined by Horiba LA-
950 Laser Particle Size Analyzer. 
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Table S3. Properties of each sediment used in the adsorption experiments. 
Property 
Natural sediment 
(untreated) 
Metals depleted 
 (AOD treated) 
Organics depleted 
 (H2O2 treated) 
Metals and organics 
depleted 
 (AOD + H2O2 treated) 
Amorphous Fe-
Oxides  
0.15 ± 0.015% 0.040 ± 0.0045% 0.18 ± 0.028% 0.034 ± 0.0050% 
Total extractable 
Fe-Oxides 
0.37 ± 0.014% 0.15 ± 0.017% 0.39 ± 0.005% 0.14 ± 0.001% 
Amorphous Al-
Hydroxides 
0.20 ± 0.018% 0.0099 ± 0.0010% 0.13 ± 0.00048% 0.011 ± 0.000088% 
Soil Organic 
Carbon 
0.74 ± 0.04% 0.29 ± 0.05% 0.12 ± 0.002% 0.065 ± 0.01% 
pH 5.77 ± 0.07 6.14 ± 0.13 5.07 ± 0.021 6.30 ± 0.014 
Clay; Silt; Sand 
0.51 ± 0.16%; 
 42.66 ± 5.26%;  
56.83 ± 5.38% 
0.67 ± 0.20%;  
46.80 ± 1.38%;  
52.53 ± 1.36% 
1.98 ± 0.10%;  
46.98 ± 4.11%;  
51.03 ± 4.21% 
1.51 ± 0.21%;  
46.79 ± 7.22%;  
51.70 ± 7.39% 
Exchangeable 
Ca 
280 ± 0.62 mg/kg 363 ± 0.74 mg/kg 393 ± 19.45 mg/kg 245 ± 14.39 mg/kg 
Exchangeable 
Mg 
13 ± 0.63 mg/kg 41 ± 0.81 mg/kg 3.57 ± 0.23 mg/kg 23.57 ± 0.58 mg/kg 
Originally 
adsorbed Cu 
3.00 ± 0.62 mg/kg Less than detection 6.28 ± 0.39 mg/kg Less than detection 
Originally 
adsorbed Zn 
1.65 ± 0.12 mg/kg 3.04 ± 0.10 mg/kg 3.03 ± 0.17 mg/kg 2.53 ± 0.13 mg/kg 
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Figure S7. Comparison of identical adsorption experiments for Cu and Zn using the 
untreated sediment in this study and in earlier work (Mizutani et al., 2017). 
 
